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ABSTRACT
Laboratory studies and field measurements were conducted to quantify 
assimilative capacity of toxic organic contaminants in freshwater wetlands. Studies 
were conducted for hexachlorobenzene and naphthalene in a mineral-dominated 
bottomland hardwood forest and an organic matter-dominated freshwater marsh. In 
laboratory studies, sorption of hexachlorobenzene (HCB) in wetland soil and 
floodwater was strongly influenced by high levels of naturally occurring dissolved 
organic carbon (DOC). Organic matter-dominated wetlands (e.g., marshes) 
demonstrated no advantage over mineral-dominated wetlands (e.g., bottomland 
hardwood forests) for sorption of HCB due to partitioning in this DOC phase. Over 
the short-term, sorption of HCB was adequately described using a three-phase 
equilibrium model that included the DOC phase. Sorptive assimilation of HCB 
appears to be dependent on unique hydrological conditions that promote sediment- 
water exchange rather than any enhanced sorptive ability of wetland substrates, 
themselves. Sorption of naphthalene was greater in the freshwater marsh due to the 
increased fraction of organic carbon and the lower affinity of naphthalene for DOC. 
Small, but measurable, differences were observed in sorption partition coefficients 
between aerobic and high-DOC, anaerobic incubations. Reductive dechlorination of 
HCB was observed under low redox conditions (— 200 mV) in both wetland soils. 
Substantial degradation of HCB (50-60% in the bottomland hardwood soil; 90% in 
the freshwater marsh soil) occurred over a period of 18 weeks. Mineralization of 
naphthalene was rapid in the freshwater marsh and bottomland hardwood soil when 
aerobic, high redox potential conditions were present. No mineralization was 
observed under anaerobic conditions. Shapes of mineralization curves were 
dependent on substrate concentration and were well fitted using a three-half order 
kinetic model. An assimilation model was developed to describe removal of toxic
organics in a conceptually simple wetland. External assimilation fluxes are 
volatilization, reaction (e.g., biodegradation), outflow and burial. Sensitivity analysis 
indicated that assimilation of hydrophobic compounds (e.g., HCB) is inhibited by 
high concentrations of DOC. Removal of compounds such as naphthalene is 
controlled by volatilization. The assimilation model is suited for several uses 
including estimating the assimilation capacity of wetlands for organic contaminants, 
testing various treatment or fate scenarios, and estimating the fate of new 
compounds entering wetlands.
CHAPTER 1. INTRODUCTION
Decreased water quality, particularly in potable water sources, is of concern 
from a public health standpoint. Point and non-point discharges of inadequately 
treated wastewater to surface water bodies are the major cause of water quality 
problems. These discharges can result from industrial, agricultural, municipal, and 
other sectors of society; even wastewater treatment plants, themselves, contribute to 
the problem. Increasing population, industrial and agricultural expansion will put 
increasing pressure on the overall quality of our water resources.
Removal or detoxification mechanisms of contaminants in aqueous systems 
are important in improving water quality. However, natural decontamination 
processes in water bodies are often not rapid enough to detoxify the wide variety of 
contaminants that might enter each system. When the pollutant loading rate exceeds 
the rate of removal (or the rate of contaminant /detoxification) this results in 
contaminant build-up and subsequent loss in water quality. These detoxification 
mechanisms may be enhanced in wetland aquatic systems. A widely accepted 
definition of wetlands states that these areas are "lands transitional between 
terrestrial and aquatic systems where the water table is usually at or near the surface 
or the land is covered by shallow water ..." (Cowardin et al., 1979). Wetlands 
possess attributes that cause them to remove and detoxify certain contaminants in 
water that pass through them. These attributes have been summarized (Sather and 
Smith, 1984) and include (a).a reduction in velocity as streams enter wetlands, 
causing sediments and chemicals sorbed to sediments to drop into the wetland, (b).a 
variety of anaerobic and aerobic processes such as denitrification and chemical 
precipitation that remove certain chemicals from water, (c). the high rate of 
productivity of many wetlands that can lead to high rates of mineral uptake by 
vegetation and subsequent burial in sediments when plants die. (d). a diversity of
l
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decomposers and decomposition products in wetland sediments, (e). a high amount 
of contact of water with sediments because of the shallow water leading to 
significant sediment-water exchange, and (f). the accumulation of organic peat in 
many wetlands, which causes the permanent burial of chemicals. These attributes 
have resulted in the use of natural and artificially-constructed wetlands for primary, 
secondary and tertiary treatment of municipal wastewater. Wetland treatment of 
some types of industrial wastewaters is also being investigated.
The water quality of Louisiana's aquatic environment is particularly 
influenced by wetlands. Forty percent of the nation's wetlands are found in Louisiana 
(Figure 1.1) and most water bodies are hydraulically connected to one or more 
wetland types (Mitsch and Gosselink, 1986). Major wetland types include 
freshwater, brackish and salt marshes, with vegetation and soil type along a salinity 
gradient toward the coast, and the bottomland hardwood forest wetlands, defined as 
"forested lowlands along streams and rivers usually on alluvial floodplains that are 
periodically flooded" (Mitsch and Gosselink, 1986). While these different 
environments are all classified as "wet" they differ greatly in basic composition 
including substrate, vegetation, and hydrology. Therefore, the extent of water 
quality functions provided by these classes of wetland can differ greatly.
While some understanding has been gained regarding conventional pollutants 
such as biochemical oxygen demand, nitrogen and phosphorus, little is understood 
about the assimilation of toxics such as heavy metals and toxic organics. The 
objective of this dissertation is to quantify the assimilation of one class of 
contaminants, toxic organic compounds, as part of a larger study investigating the 
assimilation of several types of pollutants in lower Mississippi valley wetlands. The 
dissertation is divided into 3 sections: A), a review of current knowledge of toxic 
organic assimilation in wetlands (Chapter 2), B). a quantitative determination of 
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Figure 1.1. Extent of freshwater marsh and bottomland hardwood forest in the lower 
Mississippi valley deltaic plain.
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classes of compounds (Chapters 3, 4 and 5) , and C). the development of a 
conceptual assimilation model, calibrated using quantitative information developed in 
section 2 (Chapters 6 and 7).Studies were conducted to compare and contrast two 
types of wetland systems, an organic-matter dominated freshwater marsh and a 
mineral-dominated bottomland hardwood forest. These wetlands differ in soil type 
and properties, vegetation, and hydrology and are representative of larger areas of 
wetlands present in the lower Mississippi valley.
The freshwater marsh site is a Pawcwn-dominated marsh located in St. John 
the Baptist Parish, Louisiana on the fringe of Lake des Allemands. The site is 
characterized by nearly uniform stands of Panicum hemitomon (maiden cane). The 
soil or substrate is highly organic, containing large quantities of Panicum detrita! 
material. Shallow water depths (2-10 cm) are found throughout the year with the 
water generally wind-driven from the lake into the marsh. Little variation in water 
depth in the freshwater marsh was observed. Previous studies in this Panicum-marsh 
have documented nitrogen cycling (DeLaune et al., 1986), N2 and N2O emissions 
(Lindau et al., 1991), sedimentation and accretion (Hatton et al., 1983), methane 
emission (DeLaune et al., 1983), carbon dioxide emission (Smith et al., 1983), 
carbon budgets (Feijtel et al., 1985), and heavy metal biogeochemistry (Feijtel et al., 
1988; DeLaune and Smith, 1985).
The bottomland hardwood forest site is a typical lowland forest located in the 
Spring Bayou Wildlife Management Area in Avoyelles Parish, Louisiana near the 
confluence of the Mississippi and Red Rivers. The site is dominated by bald cypress 
(Taxodium distichum), oaks (Quercus sp.) and honey locust (Gleditsia triacanthos). 
There is little or no understory vegetation. The soil is a mineral-dominated Sharkey 
clay with comparatively low organic matter. Water depths in the wetland range from 
0-1 meter and are variable over the year. The hydrology of the site is controlled by
5
water depths in the Mississippi and Red rivers which serve as a head, controlling 
water levels in the forest. Water generally moves into the forest in late fall and 
depending on the year, remains through the winter and growing season. The site has 
been characterized during a wetland delineation study and was found to be 
representative of the large area of bottomland hardwood forests in the lower 
Mississippi valley (Faulkner et al., 1991). Site locations are indicated in Figure 1.2.
The large number of toxic organic contaminants precludes study of all of the 
compounds individually. Currently, 114 organic compounds are listed as priority 
pollutants by the Environmental Protection Agency. It is likely that numerous other 
non-listed toxic pollutants enter these systems, including many pesticides in use 
today. Contaminants can be grouped into general categories based on their use, 
origin, or volatility (e.g., Chapra,1991) although it should be emphasized that 
reactions can be very compound specific and it is often difficult to generalize. With 
these limitations in mind, two compounds were selected: naphthalene, a polycyclic 
aromatic hydrocarbon, and hexachlorobenzene, a chlorinated industrial organic 
compound. These compounds are priority pollutants associated with petroleum and 
industrial uses. They differ in basic chemical properties. Hexachlorobenzene is very 
insoluble (high octanol-water partition coefficient). Naphthalene is moderately 
soluble. Both compounds have similar volatility (similar Henry's Law constants).
Wetlands are complicated environmental systems with many components. 
Simplification of this system is necessary to develop predictive models. The 
fundamental wetland unit or "control volume" to be used in these studies is shown in 
Figure 1.3. It consists of a soil or sediment substrate of depth (z), overlying water of 
depth (d) in contact with air, and a plant component (p). The substrate can be 
further divided into a thin layer of depth a, where oxygen diffusion into the layer 
exceeds oxygen consumption (the aerobic microlayer) and a larger layer of depth b, 
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Figure 1.2. Location of freshwater wetland study sites: Spring Bayou bottomland
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Figure 1.3. Conceptual wetland control volume (d is water depth, a is the depth of the 
aerobic layer, b is the depth of the anaerobic layer)
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system at a constant rate, S. This model system represents an oversimplification of 
true wetland systems but it incorporates the important aspects of these systems and 
may be a good starting point toward identifying important assimilation processes 
acting on toxic organic contaminants. At present little is known about how these 
detoxification processes relate to each other, which processes are important over the 
short-term and which over the long-term in detoxifying contaminants. Models which 
take into account all of these possible fates of contaminants would necessarily be too 
complex to have any predictive value. These studies will emphasize the 
interrelationship of detoxification processes occurring within the control volume and 
how these processes affect water quality.
The following dissertation is arranged in journal format. All chapters are 
submitted to peer-reviewed journals. Appendices containing supplementary 
information are located at the end of the document.
CHAPTER 2. ASSIMILATION OF TOXIC ORGANICS IN WETLANDS: A 
REVIEW
Introduction
"Wetlands" are a broad classification for transitional areas between aquatic 
and terrestrial environments. A diverse set of ecosystems fall into this classification 
including marshes, bogs, swamps, fens and bottomland hardwood forests. A common 
feature of these systems is the inundation of water during at least part of the growing 
season. These environments can differ in vegetation type (woody versus perennial), 
hydrology (continuously versus variably flooded), substrate composition (mineral- 
dominated versus organic-matter dominated), wildlife, and other physicochemical 
parameters but share an important common characteristic: their chemical, physical, 
and biological reactions are unique due to the saturation of water. Wetlands do not 
fall within traditional categories of aquatic systems (lakes, rivers, estuaries) but are 
always associated with these systems in watersheds. The uniqueness of wetlands has 
only recently been recognized and effort is being directed towards their protection.
Wetlands have demonstrated specific functions that they provide for the 
overall environment including wildlife habitat, flood protection, erosion control, 
water quality improvement, and aesthetics (USEPA, 1992), Because these functions 
have an intrinsic value (Whitehead and Blomquist, 1991), the loss of wetlands is of 
concern. Estimates of existing wetland areas show that approximately 5% of the land 
area of the lower 48 states can be currently classified as wetlands (Dahl, 1990). This 
represents a decrease, however, of over 50% of the wetland area present before 
extensive European colonization of the U.S. (~ 1780's; estimated change in acreage 
from 221,129,638 to 104,374,314) (Dahl, 1990). Certain states are dominated by 
wetland habitats and degradation of these resources may have a great regional 
impact. Louisiana (28.3%) and Florida (29.5%) have the largest
9
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percentage of their land mass as wetlands. In these areas, wetlands dominate the 
watershed and their functions are critical for maintaining water quality.
The role of wetlands in water quality improvement is their most poorly 
understood function and is the object of much current research. Wetlands are often 
thought of as filters, buffers, or sinks for a wide variety of pollutants including solids, 
oxygen-demanding organic compounds, nitrogen, phosphorus, and toxics including 
toxic organics and heavy metals (Mitsch and Gosselink, 1986). This idea has been 
modified somewhat by studies showing limited capacities of certain wetlands for 
retention of phosphorus (Richardson, 1985) and it may be more appropriate to 
emphasize the ability of wetlands to "transform" pollutants rather than store them for 
any period of time (Richardson, 1989). Sediment and nutrient (N and P) retention in 
freshwater wetlands has recently been reviewed (Johnston, 1991). The mechanisms 
involved in nutrient retention are complex and, as expected, vary widely among 
wetland types. It should be recognized, however, that only a very small fraction of 
the anthropogenic substances entering wetlands have been studied. Therefore, the 
ability of wetlands to assimilate most pollutants is unknown.
The ability of wetlands to process N and P (and the transference of this ability 
to other pollutants) has led to the use of these systems in wastewater treatment using 
natural and constructed wetlands. Wetland systems have been proposed and 
implemented to treat a number of domestic, industrial, and agricultural waste streams 
(Boyt et al., 1977; Kadlec and Tilton, 1979; Nichols, 1983; Lowrance et al., 1984; 
Peteijohn and Correl, 1984; Godfrey et al., 1985; Dunbabin and Bowmer, 1992; 
Hammar, 1992). Specific examples include the tertiary treatment of municipal 
wastewater (Kadlec and Tilton, 1979), treatment of acid mine drainage (Wieder and 
Lang, 1984), and the use of wetlands as buffer zones for non-point source run-off 
from agricultural fields (Hammar, 1992). The use of natural wetland systems for 
these purposes has been a source of controversy and it is not likely that intentional
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diversion of polluted wastewater to natural wetlands will ever be part of a waste 
management strategy (Olson, 1992). This has led to the development of engineered 
constructed wetlands which are built as surrogates to provide the functions that 
natural wetland systems do, including wastewater treatment and wildlife habitat. The 
design criteria for constructed wetlands for selected purposes have been developed 
and many of these systems are in current operation (see papers in Hammar, (1989) 
and a review by Reed and Brown (1992)).
Understanding the function of wetlands in water purification and 
consequently, the application of wetlands to wastewater treatment, is limited by a 
lack of information on the assimilation of specific pollutants. Studies performed 
previously have focused exclusively on assimilation of major wastewater 
constituents: N, P and BOD, Few studies have examined assimilation of toxics, 
heavy metals and organic contaminants. Depending on the industrial content of the 
wastewater, any of the organics designated as priority pollutants could periodically 
be present (Katz et al., 1972). Use of wetlands as buffers for agricultural NPS, for 
example, depends on the ability of wetlands to assimilate pesticides, although little is 
known about the processes involved. This review will examine the assimilation of 
toxic organics in wetlands. Information on the processes involved in wetland 
assimilation will be useful in understanding the fate of toxics in natural and 
constructed wetland systems.
Organic Contaminants in Wetlands
Organic contaminants can enter wetlands in a number of ways: discharges of 
untreated or partially treated wastewater, atmospheric deposition, non-point source 
runoff from urban, agricultural, or industrial areas, and drift from aerial application of 
pesticides. It is likely that loading of toxic organic contaminants to wetlands occur
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orders of magnitude lower than loading of conventional pollutants such as solids, N 
and P. A recent study of data from NPDES discharges into the San Francisco Bay 
estuary indicated the frequency of detection of organic priority pollutants ranged 
from 1% (organochlorines) to 12% (volatile organics) over tens of thousands of 
analyses (Davis et al., 1992), Few studies have documented organic contamination 
present in wetlands. Drift of ethyl parathion, an organophosphorus insecticide, was 
shown in prairie pothole wetlands in North Dakota, even when efforts were made to 
avoid them (Tome et al., 1991). Prairie-potholes are examples of small wetlands, 
often adjacent to agricultural lands, that are particularly susceptible to pesticide 
inputs (Grue et al., 1988). Contamination from an industrial discharge has resulted in 
the widespread appearance of chlorinated organics in a brackish marsh-estuarine area 
in southwest Louisiana (Pereira et al., 1988). This input has resulted in 
bioconcentration of these toxic organics in wetland biota and has resulted in fish 
advisories across a wide area of the Calcasieu basin. Chronic hydrocarbon input to 
coastal wetlands from waste automobile petroleum compounds was reported in 
Jamaica Bay, N.Y. (Tanacredi, 1981). Several states have reported pesticide/organic 
contamination in annual inventories of their wetland resources (U.S. EPA, 1992). It 
is likely that additional investigations will reveal further degradation of wetland 
resources by organic contaminants.
The use of wetlands in wastewater treatment has led to proposals for wetland 
treatment of NPS agricultural pollution. While many components of agricultural 
runoff have been shown to be assimilated in wetlands, e.g., nutrients such as N and 
P, assimilation of other components, such as pesticides, is poorly understood. 
Herbicide use has increased fourfold since 1966 (Baker, 1992) and herbicides such as 
atrazine are commonly found in surface and groundwaters (Squillace and Thurman, 
1992). Other studies have shown potential for treatment of other industrial 
wastewaters, e.g., surfactants (Inaba, 1992). Use of wetlands to treat urban runoff
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(Hickock et al., 1977) will also result in loading of a number of different toxic 
organics into these systems. Intentional use of wetland systems for treatment of 
pesticide contaminated run-off should be initiated only after a better understanding of 
loading/assimilation capacity relationships are understood. Toxic organic loading 
may damage wetland biota that may induce changes in wetland function and 
characteristics (e.g., Baker, 1973).
Wetland Characteristics
While wetlands have been shown to efficiently assimilate nutrients such as N 
and P, it is difficult to transfer this ability to complex organic compounds such as 
pesticides and industrial chlorinated organics. Individual assimilation processes for 
toxic organics are unique and need to be evaluated separately from other chemical 
substances. The central question becomes, "What advantage do wetland systems 
have over other receiving bodies for the assimilation of toxic organics?". From an 
engineering standpoint, the question then becomes how to enhance those wetland 
characteristics to improve the efficiency of these assimilation processes.
Attempts have been made to summarize these attributes for toxicants in 
general (Sather and Smith, 1984) and include: a), a reduction in stream velocity 
entering wetlands resulting in enhanced sedimentation, b). a variety of anaerobic and 
aerobic processes such as denitrification and chemical precipitation that removes 
certain contaminants from water, c). the high rate of productivity in many wetlands 
can lead to high rates of mineral uptake by vegetation and subsequent burial when 
plants die, d). a diversity of decomposers and decomposition products in wetland 
sediments, e). a high contact water with sediments because of the shallow water 
leading to significant sediment-water exchange, and f). the accumulation of organic 
peat in many wetlands which causes the permanent burial of contaminants. Only
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some of these features apply directly to the assimilation of toxic organics. Other 
characteristics that may enhance organic contaminant removal include the high 
organic matter content of wetland substrates. Sorption of organic contaminants is 
related directly to the organic carbon content of the sediment. Wetlands may also be 
areas of enhanced biodegradation due to the diversity of redox zones, readily 
degradable carbon cosubstrates, and high microbial biomass. Biodegradation may 
also be enhanced in the root rhizosphere of these highly productive systems (Walton 
and Anderson, 1990).
Other features of wetlands may inhibit assimilation of toxic organics. 
Compounds may be sequestered in redox zones (e.g., complete anaerobic conditions) 
where microbial enzymes are not present to transform or degrade the specific 
compounds. Assimilation may also be inhibited by high concentrations of colloidal 
organic matter, which is generally present in high quantities in wetlands (Thurman, 
1986). This colloidal organic matter can enhance transport of toxic organic 
contaminants by providing a mobile, non-settleable phase that effectively enhances 
solubility of the contaminant (Chiou et al., 1986; Gschwend and Wu, 1985).
Many of the processes affecting toxic organics in wetlands are specific to 
these types of contaminants. They include: volatilization (transfer of the contaminant 
from the water column to the air), sorption onto suspended solids in the water 
column and in the substrate bed, partitioning into colloidal organic matter in the 
water column and the substrate, diffusive exchange between the water column and 
the substrate, chemical or biological reaction in the water column and the substrate, 
plant uptake, and burial of the contaminant in deeper zones in the substrate where 
sediment-water exchange is not important. Details of these processes will be 
discussed below but a schematic is presented in Figure 2.1.
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Figure 2.1. Wetland assimilation processes
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Assimilation Processes
Sorption to suspended solids and the substrate bed
Sorption of organic contaminants to solid surfaces (e.g., suspended solids and 
sediments) is an important assimilation process because it lowers soluble 
concentrations and removes the compound to a phase that can settle and be retained. 
Sorption of non-ionic organic compounds onto solids and sediments is best described 
as a partitioning process, where the organic contaminant "partitions" into the 
sediment organic matter, much as a aqueous organic solute dissolves in an organic 
solvent. A review of the mechanics and thermodynamics of the process is presented 
by Chiou (1990). Sorption of cationic organic compounds is dominated by ion- 
exchange reactions but since the large majority of priority pollutants are non-ionic 
this sorption mechanism will not be considered further.
Sorptive partitioning can be described using a linear isotherm (Equation 2.1):
S = KpC (2 .1)
where S is the sorbed concentration (mg/kg), C is the soluble concentration (mg/L) 
and Kp is the partition coefficient (L/kg). Other units of concentration may be easily 
substituted for these. From (2.1), greater sorption of a particular contaminant to 
sediment is indicated by a higher partition coefficient. Since the sorption of organic 
contaminants is directly related to the amount of organic matter present in the 
sediment the partition coefficient is often normalized as:
Koc — Kp/f0c (2 .2)
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where Koc is the organic carbon partition coefficient (L/kg) and *oc is the fraction of 
organic carbon in the sediment (0—>-1). This normalized partition coefficient, Koc, 
has been directly related to physical properties of the individual contaminants (e.g., 
Kow the octanol-water partition coefficient) by empirical relationships (e.g., 
Schwartzenbach and Westall, 1981).
Sorption of organic contaminants in wetlands may be enhanced since the high 
productivity of these systems often result in suspended solids and sediments 
dominated by organic matter (high foc). The foc of highly organic marsh soils 
(peats), for example, can exceed 0.5 as compared to 0.05 for an average mineral- 
dominated soil. The end result is a significantly increased potential for sorption of 
organic contaminants in highly organic wetland substrates. Not all wetlands, 
however, are characterized by highly organic substrates. Bottomland hardwood 
forests, certain riverine wetlands, and sandy substrate marshes are examples of 
wetlands dominated by mineral rather that organic matter. Equations presented 
above suggest that these wetland substrates have a lower sorption potential.
Throughout the discussion presented above, the partition coefficient was 
assumed to reach a constant value in a very short time. Recent studies have 
questioned this finding, however, and the non-equilibrium (or rate-limited) sorption 
of a number of chemicals has been demonstrated (Brusseau et al., 1991). In these 
studies sorption was best described using a two-site model, where one site reached 
equilibrium quickly and the other site required long periods of time to reach 
equilibrium. The overall result of this rate-limited process is an increase in the 
fraction of organic contaminant partitioned into a zone of organic matter where 
desorption is very slow. This process has implications for assimilation of toxic 
organics in wetlands because it increases the partition coefficient, reducing the 
soluble fraction of the contaminant. Whether this process occurs in the soils or 
sediments specific to wetlands is unclear.
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Effect of colloidal organic matter on sorption in wetlands
Wetland waters contain the highest concentrations of dissolved organic 
carbon of any ecosystem (Thurman, 1986). These high concentrations of DOC are 
due to high plant productivity (exceeding 4000 g/m^/yr in some systems), the 
anaerobic state of most wetland substrates which prevents complete destruction of 
detrital plant material and the leaching/dissolution of soluble organic compounds 
from plant material present in these systems. DOC is commonly used as a surrogate 
for all colloidal organic matter although the distinction between different fractions of 
organic matter is often operationally defined. Table 2.1 gives some typical ranges for 
DOC concentrations in natural systems,








Studies have demonstrated a significant effect of colloidal organic matter on 
the solubility and sorption potential of organic contaminants, particularly 
hydrophobic contaminants such as PCBs (e.g., Baker et al., 1986). The mechanism 
involved appears to be a "partitioning" process of the organic contaminant into the 
colloidal organic matter. In mathematical terms, the process results in a decrease in
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the observed partition coefficient between the aqueous and particulate phases, Kp. 
Since Kp no longer represents a true partitioning between particulate and aqueous 
phases, a new coefficient is defined as:
Kp-obs = Kp/(l+KdocDOC) (2.3)
where Kp_0bs is the observed partition coefficient (L/kg), Kdoc is the partition 
coefficient between dissolved organic carbon and water (L/kg), and DOC is the 
concentration of DOC (kg/L).
In practice it is not possible to resolve organics partitioned into all three 
phases (dissolved, DOC-associated, and particulate) in a single measurement, 
However, the partition coefficient between DOC and water (Kdoc) can be measured 
independently by a number of techniques (Hassett and Milicic, 1985;McCarthy and 
Jimenez, 1985) and this can be used in equation 2.3 to estimate the contribution of 
DOC to the value of the observed partition coefficient.
The impact of the process on the assimilation processes of toxic organics is 
unclear. High concentrations of DOC in wetlands may inhibit sorption of organics in 
these systems. A recent analysis of 3-phase partitioning (Pankow and McKenzie, 
1991) has confirmed a previous observation (Baker et al., 1986), that when 
KdocDOC > 10<5 (where Kdoc is in L/kg and DOC is expressed in mg/L), the 
observed partition coefficient is independent of the chemical properties of the 
compound, itself. In high-DOC wetlands, this condition may be readily reached and 
fate of these contaminants will depend on the fate of the colloids, themselves, and not 
on any of the chemical and physical properties of the compounds.
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Diffusive exchange between the sediment bed and water column
Diffusion between the overlying water column into the pore water of the 
sediment bed is an important assimilation process because it involves the transfer of 
contaminants to a region of low solids density (the water column) to a region of high 
solids density (the bed) where sorption can occur. Diffusion may be particularly 
important in wetlands where long residence and low flow velocities are the normal 
case. Diffusive exchange was a key biogeochemical process for the assimilation of Cr 
in wetland systems (Masschefeyn et al., 1992),
Diffusive flux is driven by the concentration gradient of the contaminant at 
the sediment-water interface. This process is usually described as a simple Fickian 
process (equation 2.4) although the flux involves multiple steps that are best 
approximated using a two-resistance model (Thibodeaux, 1979). The flux equation 
(Fick's first law) is given as:
J = -D(dc/dx) (2.4)
where J is the flux of chemical (g/m^/day), D is the diffusion coefficient (m^/day), 
and dc/dx is the vertical concentration gradient (g/m^/m).
Diffusive flux is a significant transfer process from the water column to the 
sediment bed. However, under certain cases the reverse flux, diffusion from the 
sediment bed to the water column, can be important. This process occurs when a 
concentration gradient in the reverse direction occurs due to changes in loading or 
partitioning of the compound. A typical example is the influx of relatively "clean"
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water into a system with contaminants present in the sediment bed. In this case the 
sediment can serve as an internal source of organic contamination.
In wetlands, diffusive flux of contaminants associated with colloidal organic 
matter may also be important. The sediment bed serves as a large reservoir of 
dissolved organic carbon. Diffusion of this material into and out of the sediment bed 
may be an important transport process in highly organic soils although the process 
has not been documented in wetland systems.
Settling and burial of particulate contaminants
Contaminants bound to particulates can be removed from the water column 
by settling and sedimentation processes. Sedimentation can be enhanced in wetlands. 
Vegetation reduces water velocity allowing the sediment load of the water column to 
drop out. The movement of sediment from the water column to the sediment bed is 
usually described by a velocity term, the settling velocity. Although the description of 
the settling of particles in aqueous systems has a strong theoretical basis (e.g., 
Stoke's Law), estimating settling in water bodies in the field is difficult due to the 
heterogeneity of particle size and composition and the wide variation in local 
velocities. Nevertheless, settling is an important removal process for contaminants in 
wetlands. Natural wetlands have been shown to remove 60-90% of the sediment load 
of incoming waters (Boto and Patrick, 1979; Day and Kemp, 1985). More 
quantitative studies specific to settling of particulates in wetland systems are needed, 
however. Studies in lacustrine systems have demonstrated a significant effect of DOC 
on particle stability and settling (Weilenman et al., 1989), DOC has the effect of 
stabilizing particles, preventing their coagulation and therefore, their settling velocity. 
This process may be important for particulate contaminants in high-DOC wetlands.
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Settling velocity of particles in the water column is a distinct process from 
burial velocity of contaminants in the bed. The burial velocity (or sedimentation rate) 
describes the removal rate of particulate bound contaminants to deeper sediment 
layers where they 110 longer can diffuse back into the water column. Burial may be an 
important assimilation process by storing contaminants in the sediment bed. Wetlands 
are generally accreting, sedimentation process are greater than erosional processes. 
Burial velocity is more rapid than other aquatic systems because the sediment bed is 
built up of both decaying plant material produced in the wetland, as well as organo- 
mineral sediment originating from upstream ecosystems. In addition, vegetation tends 
to stabilize the bed, reducing mixing of the soil, and increasing the probability of true 
"burial" of contaminants. Typical sedimentation rates in wetlands range from 
essentially zero to several centimeters per year (Table 2.2).
The importance of burial with respect to other assimilation processes is 
unclear. Sedimentation operates over a different time scale (months to years) as 
opposed to other transport and assimilation processes such as volatilization and 
settling (hours to days). Detection of organic contaminants with depth in sediment 
cores indicates that burial can occur, but gives no indication of the efficiency of this 
process.
Volatilization
Transfer of organics from the water column to the atmosphere is an 
important assimilation process in aquatic system. It is less desirable than other 
processes because it simply involves the transfer of the contaminant from one 
environmental compartment to the other. Volatilization can be quantified using a 
resistance model (e.g., two-film model) which describes the limiting factor in the
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Table 2.2. Sedimentation rates of mineral and organic matter-dominated wetlands.
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mass transfer as the resistance present at the air-water interface. The two-film model 
states that volatilization is dependent on the mass transfer through both the liquid and 
gas film at the air-water interface, the temperature, and the tendency of a compound 
to partition to the air phase (usually represented by a Henry's Law constant). The 
mass transfer coefficient from water to air, vv (m/year), is equal to:
vv = KiHe/[He+RTa(K1/Kg)] (2.5)
where Kj and Kg are the liquid phase and gas-phase mass transfer coefficients 
(m/year), R is the universal gas constant (atm m^/°K-mole), Ta is the absolute 
temperature (°K) and He is the Henry's constant (atm-m^/mole). As expected,
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soluble compounds (He=10“6 -10-?) volatilize at a negligible rate compared to 
insoluble compounds (He=10"2-io-3).
Depending on the relative size of K[ and Kg, volatilization can be controlled 
by transfer in the gas phase, the liquid phase, or by both phases. This can be 
demonstrated graphically comparing the fraction of the resistance in the liquid phase 
at various values of Kj/Kg (Figure 2.2). The magnitude of K] and Kg are 
proportional to the wind speed and inversely proportional to the molecular weight of 
the compound. In aquatic systems sheltered from the wind (e.g., wetlands), 
volatilization tends to be controlled by the gas phase (Kg).
Little or no information is available on rates of volatilization of contaminants 
in wetlands. The importance of volatilization as a transfer mechanism has primarily 
been determined from the study of lakes (Chapra and Reckhow, 1983). Wetlands 
differ from lakes in two fundamental ways with respect to the potential for 
volatilization: (1). dense vegetation over many wetland surfaces will reduce wind 
speed (and subsequently volatilization) and (2). high concentrations of DOC in 
wetland systems will reduce the concentration of the contaminant in a "true" 
dissolved state (and therefore reduce volatilization). Therefore, it is likely that 
volatilization will be less important in heavily-vegetated wetland systems. However, 
the wide variety of conditions at the air-water interface for different wetland types 
precludes any generalization about volatilization rates. In addition, highly volatile 
compounds may purge themselves from wetland systems despite these limitations. 
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Figure 2.2. Percent resistance to gas transfer in the liquid phase as a function of the 
Henry's Law constant (He) in wetlands as predicted by the two-film 
model (adapted from Chapra and Reckhow, 1983)
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Reaction ('degradation')
In addition to physical sorption, settling and volatilization processes, 
numerous chemical and biological reactions also serve to assimilate pollutants in 
aquatic systems. These reactions range from photochemical reactions such as 
photolysis to biological reactions such as mineralization (conversion of the 
contaminant to CO2 and H2O). Reactions are important because they generally serve 
to destroy contaminants, converting them to more innocuous forms. A partial list of 
some important reactions is presented in Table 2.3.
Wetlands have the potential for increased reaction (degradation) rates of 
certain organic contaminants. Wetland substrates are characterized by a wide range 
of redox zones (aerobic to anaerobic conditions). Since certain reactions are favored 
under anaerobic conditions (e.g., reductive dechlorination) and others under aerobic 
conditions (e.g., oxidation), wetlands have the potential for a variety of reactions that 
may not occur in other systems. High concentration of humic acids may enhance 
hydrolysis reactions (Khan, 1978) although the actual environmental importance of 
this process is not clear (Perdue and Wolfe, 1982). The high productivity of wetland 
systems supports large populations of detrital microorganisms which can biodegrade 
certain organic contaminants. Other features of wetlands may inhibit certain 
reactions. Contaminants can be sequestered in redox zones where organisms lack the 
enzymes to degrade them. Highly colored wetland surface waters may inhibit 
photolysis reactions.
Rates of transformations in wetland system depends on the interplay of a 
number of environmental factors including redox potential, pH, nutrient availability, 
contaminant bio availability, temperature, and biomass density. Reaction rates can 
vary over several orders of magnitude depending on these environmental factors.
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Studies have documented the effect of several of these factors on rates of 
mineralization of contaminants in wetland substrates. Redox potential, a measure of 
the electron availability and an indirect measure of the oxygen status, has been shown 
to affect the degradation of a number of contaminants. Certain compounds have been 
shown to degrade favorably under aerobic conditions (e.g., naphthalene), others 
under anaerobic conditions (e.g., DDT) and others under moderately anaerobic 
conditions (e.g., PCBs). A summary of these studies is presented in Table 2.4.






Reductive dehalogenation Microbial Oxidation
. Cometabolism Epoxidation
Chemical Reduction Oxidative deamination
Numerous mathematical approaches have been utilized to describe reaction 
rates and kinetics of contaminants in natural systems. These include first-order 
equations, mixed-order equations and higher-order equations. A review of reaction 
kinetics illustrates the diverse expressions used to describe these processes (Stone 
and Morgan, 1990). The complexity of factors influencing chemical reactions in 
natural systems should be emphasized and mathematical representations of these 
processes are based on numbers of assumptions.
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Table 2.4. Optimal redox conditions for degradation of various classes of organic 







Octadecane - - X Leeville, LA Hambrick et al., 
1980
Naphthalene - - X Leeville, LA Hambrick et al., 
1980
Benzo(a)pyrene - - X Airplane Lake, 
LA
DeLaune et al., 
1981




DDT X - - Mobile Bay, 
AL
Gambrell et al., 
1984
Permethrin - - X Oliver Soil, LA Gambrell et al., 
1984
Kepone - - - James River, 
VA
Gambrell et al., 
1984
PCP - - X Lake Borgne, 
LA
DeLaune et al., 
1983
PCB - X - Capitol Lake, 
LA
Pardue et al., 
1988
Dioxin - - - Baton Rouge, 
LA




High plant productivity in many wetland systems suggests that plant uptake is 
potentially an important assimilation process. Few studies have examined plant 
uptake of toxic organic contaminants. Accumulation of toxic chemicals in biota is 
usually quantified by a bioconcentration factor (BCF) (Equation 2.6):
BCF = concentration in fresh plant/concentration in dry soil (2.6)
This factor reflects the tendency of a compound to accumulate in plant tissue and is a 
basis for comparison between different plant species and organic contaminants.
Uptake of toxic organics by plants from applied sewage sludges has been 
reviewed (O'Connor et al., 1991). Bioconcentration of toxic organics in plants grown 
in soil after sewage sludge application was found to be low and the rates of uptake 
for many compounds was close to zero. Low rates of uptake were attributed to low 
bioavailability of the toxic organic due to strong sorption of the compounds in the 
sludge. Other studies have documented similarly low uptake rates in soils amended 
with organic contaminants alone (Verma and Pillai, 1991). Studies of plant uptake 
(barley) have also been conducted in soils amended with ^^C-labeled compounds 
including hexachlorobenzene (HCB), PCBs, DDT and others (Trapp et al., 1990). 
BCF's ranged from <1 to 3 for the compounds studied. The soil used in these 
experiments was a mineral soil with a low organic matter content (~2%) and the 
contaminated organics may have been more bioavailable (lower sorption) under these 
conditions.
No studies have examined uptake of organics into plants specific to wetlands. 
PCBs were bioconcentrated by a factor of 3 or 4 in detritus of Spartina alterniflora 
when compared with an abiotic control (Marinucci and Bartha, 1982) although this
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study did not address plant uptake specifically. High concentration of organic matter 
in wetland substrates may inhibit contaminant uptake, although little is known about 
the bioavailability of DOC-associated compounds. Specific studies using wetland 
plants should be performed to estimate the importance of this process to assimilation.
Conclusions and Implications
Organic contaminants entering wetlands have created concern over the 
potential effects on wetland health and function. Discharges, agricultural run-off and 
atmospheric deposition represent potential loading sources of toxic organics in 
wetlands, although the extent of contamination has not been fully documented. Use 
of constructed wetlands as treatment systems for organic contaminants (e.g., NPS 
run-off) are proposed yet the processes governing toxicant removal (i.e., 
assimilation) are not understood. Wetland characteristics that may enhance removal 
of toxic organics include the high organic matter content of substrate, the large 
population of detrital microorganisms, increased sedimentation rates, and increased 
sediment-water contact. Other features, such as the high concentrations of dissolved 
organic carbon present in wetlands, may actually inhibit assimilation. At present, 
however, little is understood about how these characteristics interrelate, which 
features are most important or whether these features can be enhanced during the 
engineering of constructed wetlands.
Major assimilation processes include sorption/desorption onto suspended 
solids and to the sediment bed, volatilization, partitioning into colloidal organic 
matter, diffusive exchange between the water column and the bed, chemical and 
biological reaction, plant uptake and contaminant burial. Some theoretical basis 
exists to describe these processes and estimates of their magnitude have been made in 
some wetland systems. At present, however, little is known about the relative
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importance of these processes for different contaminants and across different wetland 
types.
A better theoretical basis is needed for the overall assimilation of organic 
contaminants in wetlands before the use of wetland treatment systems are 
recommended. Fate of these compounds in natural systems is complex, particularly in 
environments with as many potential processes and compartments as wetlands. It is 
doubtful that any mechanistic model can fully describe the loading/removal of a 
wetland system. Many of the processes (particularly the biological and chemical 
reactions) are site- and contaminant-specific and are controlled by a complicated set 
of factors that may be impossible to specify mathematically. The ecological effect of 
these contaminants on wetland functions may be more difficult to specify. However, 
an analysis of the relative magnitudes of the important assimilation processes may 
reveal critical rates of processes necessary for contaminant removal. Understanding 
these processes may lead to a better understanding of fate of contaminants in fragile 
natural wetland systems and may lead to a better understanding of the potential of 
wetland treatment of contaminated wastewaters.
CHAPTER 3. ASSIMILATION OF HYDROPHOBIC CHLORINATED 
ORGANICS IN FRESHWATER WETLANDS.
I. SORPTION AND SEDIMENT-WATER EXCHANGE.
Introduction
Wetlands, transitional areas between terrestrial and aquatic ecosystems, 
perform important functions in the environment including wildlife habitat, aquifer 
recharge and flood control (Mitsch and Gosselink, 1986). In addition, wetland 
environments have been hypothesized to serve as a buffer zone, as filters, and as 
sinks for a wide variety of anthropogenic pollutants including toxic organic 
compounds. The use of natural and constructed wetlands is a growing alternate 
technology for treatment of various types of wastewater. At present, however, there 
is little or no information on the assimilation of pollutants such as toxic organics in 
wetland systems. There are common features in many wetland environments that 
suggest enhanced assimilation of toxic organics. These include the high organic 
content of wetland substrates, a large diversity of detrital microorganisms, a wide 
range of redox zones (from highly oxidized to highly reduced), accretion of the 
wetland substrate which results in burial of the pollutants, and hydrologic conditions 
(reduced water velocity, shallow water depth) which enhance sedimentation and 
sediment-water contact. These characteristics are favorable to two important 
assimilatory processes, sorption and biodegradation, which can reduce the toxicity 
and bioavailability of organic contaminants.
In contrast, there are other common features of wetland environments that 
may inhibit assimilation of organic contaminants. Large quantities of dissolved 
organic carbon (DOC) are found in wetlands which can sorb organics, effectively 
enhancing their solubility and preventing their sorption onto settleable particles
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(Chiou et al., 1987; Baker et al., 1986). Also, organics can be sequestered in redox 
zones where microbial degradation cannot occur. Contaminated substrates may also 
serve as a source of toxics to the water column. At present, little published work has 
been performed on the overall fate of toxic organics in wetlands.
Sorption of toxic organics in wetlands is likely influenced by two phenomena 
with opposite results. The first process is the enhanced solubility of organic 
compounds in the presence of dissolved organic carbon. In wetlands, the source of 
this DOC is the leaching and incomplete degradation of plant material in these highly 
productive systems. Wetlands generally have the highest concentrations of DOC of 
any aquatic system. Organics can partition into this phase, increasing their apparent 
solubility, and resulting in their transport out of the system. In general, sorption is 
described most simply as a linear partitioning: S = K p ^  where S is the sorbed 
concentration (M/M), Kp is the "true" partition coefficient (L^/M), and C is the 
"true" dissolved concentration (M/L^). Because of the strong dependence of sorption 
on the organic carbon content of the soil, the partition coefficient Kp is often 
normalized as, Koc = Kp/foc, where Koc is the normalized partition coefficient 
(L^/M) and foc is the fraction of organic carbon. In the presence of a third phase 
such as DOC, this equation is modified to: S = Kp.0jjS(C + Ljoc) where, Kp_0bs is 
the "observed" partition coefficient (L^/M) and L(joc is the concentration associated 
with DOC (M/L^), Increased concentrations of DOC result in less of the organic 
compound sorbed to solids. The overall result of this process in a decrease in the 
Kp-obs (Gschwend and Wu, 1985; Chin et al., 1990; Brownawell and Farrington, 
1986; Enfield etal., 1989).
The second process, rate-limited or non-equilibrium sorption, has been 
observed in numerous studies in soil, sediments and subsurface materials (Brusseau 
et al., 1991; Karickhoff and Morris, 1985; Brusseau and Rao, 1991). This effect is 
thought to be due to the diffusion-limited partitioning of organic compounds into
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soil structures such as soil organic matter or pore spaces. The end result of this 
process is that desorption of organic compounds from the substrate is hindered, due 
to the increased fraction of slowly-reversible, resistant sorbate. In this case the 
partitioning coefficient, Kp.0^s, is not constant but is increasing over time.
No previous studies have examined the dynamics of these sorption processes 
in wetland systems. We investigated the sorption of hexachlorobenzene (HCB) in 
two wetland substrates, a mineral-dominated bottomland hardwood soil and an 
organic matter dominated freshwater marsh soil. HCB was chosen as a test 
compound because it is a hydrophobic chlorinated priority pollutant commonly found 
in hazardous waste sites. In addition, a large estuarine wetland area in coastal 
Louisiana has been contaminated with HCB and its assimilation in the wetland 
environment is of interest (Pereira et al., 1988). In this report we demonstrate the 
inhibitory effect of dissolved organic carbon sorption processes in the high-DOC 
wetland environment. Our results indicate that highly organic substrates such as 
those found in marshes possess little advantage over other sediments when 
considering sorption of hydrophobic organic compounds. The advantage of wetland 
systems in removing organics appears to be due to hydrological conditions that 
promote sediment-water exchange. The second paper in this series will investigate 




Bulk soil, water, and intact soil cores were sampled from two wetland sites; a 
forested bottomland hardwood wetland (Spring Bayou Wildlife Management Center,
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Avoyelles Parish, LA) and a freshwater Panicum hemitomon marsh (Lake des 
Allemands, St. John the Baptist Parish, LA). The bottomland hardwood site is 
intermittently flooded under the influence of the Mississippi and Red rivers. The soil 
is a mineral-dominated Sharkey clay (Vertic Haplaquept, pH=6.5, organic carbon=28 
g C/kg soil, clay=68%, silt=27%, sand=5%) which supports bald cypress, oaks, 
honey locusts with little understory or ground cover. The study site has been 
previously characterized (Faulkner et al., 1991) and is typical of the extensive 
bottomland hardwood wetlands in the Mississippi alluvial valley. The freshwater 
marsh site is a continuously flooded, fringing marsh in the upper end of the Barataria 
Basin, LA. The soil is an organic matter-dominated substrate (pH=6.3,organic 
carbon=230 g C/kg soil) which supports large stands of Panicum hemitomon 
(maiden cane).
HCB sorption in wetland soil and floodwater
Suspensions (18:1 water:soil ratio) were constructed using both bottomland 
hardwood and freshwater marsh soil. Suspensions were incubated in microcosms as 
described by Patrick et al. (1973) with some modifications. Two suspensions were 
used for each soil; one maintained under aerobic conditions (+500 mV), the other 
under anaerobic conditions (-200 mV). Suspensions were equilibrated for 10 days 
before the addition of HCB. One day before the organics were added, 1 g of NaN3 
was added as a biocide. HCB (equivalent to 10 mg/kg of soil) was added to the 
suspensions in a microliter quantity of methanol. Gas purging of the microcosms was 
terminated after addition of the biocide to minimize volatilization losses from the 
system. The stirred suspensions were then sealed with a Teflon coated rubber 
stopper. Non-equilibrium sorption was studied by sampling the suspensions over
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time (1 day, 2 weeks, 16 weeks and 24 weeks) and calculating the observed partition 
coefficient for the original HCB added.
Soil from these suspensions was also used to construct sorption isotherms at 
different DOC concentrations. HCB sorption isotherms were generated using 
subsamples of the suspensions after different incubation times (1 day, 2 weeks, and 
16 weeks). Subsamples of the suspensions were removed with a glass syringe and 
needle and added to Teflon centrifuge tubes. Samples were amended with various 
amounts of HCB (0-45 jag/g soil) and shaken for 24 hours. Samples were centrifuged 
(1700g for 1 hour) in a refrigerated centrifuge (Dupont-Sorvall RCB-5). The 
supernatant was carefully decanted to a glass centrifuge tube containing 
hexane:acetone (1:1) and extracted by shaking for several hours. The dissolved 
fraction (true dissolved plus colloidal-bound) is operationally defined as the HCB 
remaining in solution after this separation step. DOC in the supernatant was 
determined by the method of Moore (1985). HCB in the soil suspensions were 
determined by extracting several aliquots at each sampling time using hexane:acetone 
(1:1, shaking for 48-72 hours, extraction efficiency, 60-70%).
HCB was measured by high resolution gas chromatography (HRGC) using a 
DB-5 capillary column (30 m). Chromatographic parameters were as follows: 2 jo.L 
splitless injection; injector-275°C; temperature program-32°C initial temperature) 
heated to 200°C at 30 °C/minute; electron capture detector-375°C. Response 
factors were calibrated daily using standards. Minimum detection limit was 0.02 ng. 
2,4,5,6-tetrachloro-M-xylene was used as an internal standard.
The partition coefficient for HCB between DOC and water, Kdoc, was 
determined using the gas purging approach described by Hassett and Milicic (1985). 
Samples of both wetland soils were incubated in microcosms as described earlier. 
After two months of incubation, bulk samples were removed and centrifuged under 
the same conditions used to separate phases in the isotherm experiments. Aliquots of
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the bulk supernatant (180 mL) containing DOC were placed in a gas purging 
apparatus consisting of a 250 mL gas washing bottle containing a small Teflon 
coated stir bar. A length of Teflon tubing was placed through the outlet arm of the 
gas washing bottle to periodically remove samples of the solution. An aliquot of the 
l^C-labeled hexachlorobenzene {UL-^C-HCB, 10.8 mCi/mmol, Sigma 
Radiochemicals} was injected into the solution and the mixture was equilibrated for 
one hour while stirring. The entire apparatus was maintained in a water bath at 
25°C. After equilibration, purging of the solution was begun using N2 gas with a 
low pressure needle valve (500 mL/minute). At intervals, samples of the solution (2 
mL) were removed through the Teflon tubing using a glass syringe. Samples were 
injected immediately into 20 mL of liquid scintillation cocktail and counted on a 
liquid scintillation counter. Radiolabeled HCB was used without further purification, 
therefore, selected samples were extracted and analyzed using HRGC to confirm 
HCB concentrations.
The partition coefficient, K(joc, was determined by non-linear regression 
(SAS,NLIN,Cary,N.C.) of the general solution to the algorithm described by Hassett 
and Milicic (1985). The parameter k23, which describes the volatilization of the 
organic compound when no DOC is present, was determined by duplicating the 
experiment using deionized water instead of the DOC solution in the purging 
apparatus.
Partition coefficients were also determined for HCB in wetland floodwater. 
Water was collected from the study sites and centrifuged (1700g for 1 hour) to 
remove all settleable particles before use. DOC concentrations were adjusted to the 
same level (22 mg/L) with deionized H2O. Aliquots of the water were placed in 
Teflon centrifuge tubes. l^C-HCB, equivalent to 0.6, 1.0, 3.0, and 6.0 |ig/L, was 
added to replicate tubes and shaken overnight. Solids, equivalent to 0, 0.1, 0.3, 0.6, 
and 1,0 g/L, were added to the centrifuge tubes and shaken until an equilibrium was
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reached (24-48 hr). Samples were recentrifuged and aliquots were taken for liquid 
scintillation counting. Random samples were extracted and analyzed for HCB using 
HRGC to check agreement with R c  counts.
Sediment-water exchange
Diffusive flux between the water column and the wetland substrate was 
determined using intact cores taken from the field sites. Soil cores (15 cm diameter) 
were incubated in the laboratory in PVC containers lined with a Teflon-coated film. 
A floodwater depth of 6 cm was maintained over the cores. An aliquot of R e ­
labeled HCB was added to the floodwater, mixed, and the activity monitored over 
time. Cores were capped to minimize volatilization.
Molecular diffusion coefficients, Ds, were determined using H3O in duplicate 
soil cores by the reservoir method described by Van Rees et al.(1991).
Accretion rates
Accretion rates were determined from R?Cs activity in 3 cm core sections 
measured using a Ge-Li detector/multichannel analyzer.
Results and Discussion
Sorption of hexachlorobenzene in wetland soils
Microcosm studies consistently demonstrated lower sorption of HCB on the 
organic freshwater marsh soil, despite the higher fraction of organic carbon (0.23 vs. 
0.028 for the bottomland hardwood soil). Isotherms were typically linear (over the
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range of added HCB) for the freshwater marsh soil, while soluble concentrations of 
HCB in the bottomland hardwood soil appeared to be controlled by the water 
solubility of HCB, itself (6 |ig/L,(Jaffe and Ferrara, 1983))(Figure 3.1). Values of the 
observed partition coefficient,Kp_0bs> for the two wetland types were similar (e.g., 
4220 L/kg for the bottomland hardwood soil versus 3294 L/kg for the freshwater 
marsh soil) over the range where both isotherms were linear. Concentrations of 
DOC ranged from 10 to 250 mg/L in the microcosm suspensions, with the DOC of 
the freshwater marsh soil 2-10 times higher than the bottomland hardwood soil. 
Freshwater marsh isotherms constructed with soil that had been incubated 2 weeks 
and 16 weeks had progressively lower Kp_0bs’s (lower sorption), than those 
constructed after 1 days incubation (Figure 3.1). A corresponding 10-fold increase 
in DOC in the freshwater marsh soil over this time frame was also noted. These 
results suggest that DOC influences sorption of HCB, particularly in the freshwater 
marsh soil. The inverse relationship between DOC and the partition coefficient has 
been demonstrated previously for PCBs in estuarine sediment (Brownawell and 
Farrington, 1986) and in laboratory studies using lake sediments (Gschwend and Wu, 
1985). Since wetlands generally have the highest DOC concentrations of any aquatic 
system (Thurman, 1985), quantifying this effect is most important in understanding 
toxic organic partitioning. The positive correlation between the sediment/water 
partition coefficient, Kp, and *oc is well established but was not observed in these 
wetland soils. In the freshwater marsh soil, high concentrations of DOC appear to 
increase the solubility of HCB, canceling any sorptive "advantage" the organic soil 
has over the mineral soil.
Predicting the magnitude of this DOC effect should be possible given 
knowledge of the partition coefficient between HCB and natural DOC. Partition 
coefficients between wetland DOC and HCB (K^oc) were determined and ranged 
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Figure 3.1. Sorption of HCB by freshwater marsh and bottomland hardwood
wetland soil (A), and effect of increasing concentrations of DOC on 
HCB sorption in freshwater marsh soil (B.).
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inversely related to DOC concentration. This effect has been noted previously 
(Hassett and Milicic, 1985) and was attributed to adsorption of the organic 
compounds on the glass purging apparatus. Therefore, measured partition 
coefficients were plotted against the inverse of the DOC concentration to eliminate 
any glass adsorption effects (Hassett and Milicic, 1985) (Figure 3.2). The intercept 
of the regression line (the point of infinite DOC where no HCB would be bound to 
the glass apparatus) was taken to be the best estimate of the DOC/water partition 
coefficient (l()4-38) This assumes, of course, that Kd0c is the same for DOC at 
both wetland sites. The strong linear relationship in Figure 3.2 suggests this, 
however, previous work has shown differences in partition coefficients between 
sources of DOC (Chiou et al., 1987). The K^0c value is comparable to that 
determined for 2,2',5,5'-tetrachlorobiphenyl using this same technique (l()4-85_ 
104-87) (Hassett and Milicic, 1985). The K^oc also falls within the range of values 
previously determined for HCB with dextran (10  ̂ 08)  ̂ groundwater DOC (10^-65^ 
and humic acid (10  ̂ 98) (Enfjeld et al., 1989). Again, the definition of DOC is 
highly operational in nature. In the present study, centrifugation was used to isolate 
this fraction. Different separation techniques would likely result in different 
partitioning coefficients.
Knowledge of the partition coefficient of HCB between DOC and water 
allows the use of a three-phase partitioning model to describe sorption in these 
freshwater wetland substrates. The relationship between Kp and Kp_0^s can be 
expressed as:
Kp-obs = Kp/(1 + Kdoc^doc) (3-1)
where C^qc *s the concentration of dissolved organic carbon (M/L^). This three- 
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the sorption isotherms. From equation 3.1 it can be shown that Kp-obsl^p-obs2 = 
(1 + K(joc*C(jOC2)/(1 + Kcjoc*Cc}ocl) where 1 and 2 denote samples with two 
different DOC concentrations. Using the data in Figure 3.1 as an example: 
increasing the DOC in the freshwater marsh from 19.9 to 51.8 mg/L should decrease 
the Kp_obs by a factor of 1.5. The measured decrease in the observed partition 
coefficient was 3294/1880 L/kg = 1.75. Other comparisons gave similar results. 
Therefore, it appeared that a three-phase model was applicable for predicting 
changes in the partitioning in wetland substrates.
HCB sorption in wetland floodwater
Observed partition coefficients were also determined for HCB in the wetland 
floodwater. Partitioning of HCB in the floodwater can be much different because the 
ratio of settleable particles to dissolved colloidal phases (e.g., DOC) is much lower 
than in the substrate. For example, particulate concentrations in the water column 
might vary from 10^-10^ mg/L while concentrations in the substrate are lO^-lO^ 
mg/L. Dissolved organic concentrations in the water column and sediment pore 
water can vary from lo M tP  (O'Connor, 1988). In many wetland systems, DOC 
concentrations greatly exceed suspended solids concentrations (Thurman, 1985). In 
bulk water samples taken at different times of the year, suspended solids 
concentration ranged from 10-156 mg/L in the bottomland hardwood site but were 
always < 1 0  mg/L at the freshwater marsh site. DOC concentrations ranged from 
7.2-24 mg/L at the bottomland hardwood site and 21-80 mg/L at the freshwater 
marsh site.
Partitioning of HCB in floodwater at the two sites is presented in Figure 3.3. 
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Figure 3.3. Partitioning of HCB in wetland floodwater.
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bottomland hardwood) were an order of magnitude lower than partition coefficients 
measured in the substrate suspensions. Lower Kp_0bs were due to the increased 
percentage of HCB associated with DOC.
The effect of DOC on partitioning in the flood water can also be predicted 
using a three-phase model. The percentage of HCB in dissolved, DOC-associated, 
and particulate form are given by the equations 3.2-3.4 (Baker et al., 1986; 
Gschwend and Wu, 1985):
% dissolved = 100/{1 + (10-6KpCpart) + (lO^KdocCdoc)} (3.2)
% doc-assoc. = 100/(1 + (lO^/K^ocCdoc) (KpCpart^-doc^doc)} (3-3)
% particulate — 100/(1 + (10^/KpCpart) + (Kdoc^doc^pCpart)} (3.4)
where Cparj = concentration of particles (M L-3). In this experiment Cpart = 100- 
1000 mg/L, Cjoc = 22 mg/L, K^0c = 10^-38, and Kp is approximately 5000 L/kg. 
This equation predicts a range from between 25-77% in particulate form while the 
observed particulate fraction ranged from 58-87%. Therefore, the model slightly 
underestimated the particulate fraction in the floodwater. Error in the measurement 
of the various partition coefficients and the possible coagulation of some of the 
DOC-HCB complex during centrifugation could explain some of these differences. 
It should also be noted that the suspended solids concentrations used in these 
experiments were at the high end of the range observed in the field. Therefore, this 
experiment may underestimate the importance of DOC in the field.
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Non-equilibrium sorption
The predictive value of these partitioning models (e.g., Eq.3.1-3.4) depends 
on the systems reaching an equilibrium state. Studies have consistently 
demonstrated, however, non-equilibrium sorption of hydrophobic organic 
compounds (Brusseau et al., 1991; Karickhoff and Morris, 1985; Brusseau and Rao, 
1991), a process which appears to be the result of rate-limited intra-organic matter 
diffusion. This process is often described using a two-site model with an 
"instantaneous" sorbed fraction and a rate-limited sorbed fraction.
The importance of this process to assimilation of toxic organics in the aquatic 
environment is obvious. If sorbed organics partition into organic matter in such a 
way that desorption is limited, the soluble fraction will decrease over time. Since only 
the soluble fraction is bioconcentrated, any process which decreases this fraction is 
desirable. This sorption process was investigated in these wetland substrates by 
measuring observed partition coefficients in microcosms over time after addition of 
an initial amount of HCB (equivalent to 10 mg/kg dry soil). Results are presented in 
Figure 3.4. Observed partition coefficients in the bottomland hardwood soil 
increased significantly, by an order of magnitude, over a period of 6 months. In 
contrast, Kp_0bs's decreased by a factor of 2-3 in the freshwater marsh over the same 
period of time.
Results from the bottomland hardwood soil are consistent with non­
equilibrium sorption, an increase in the partition coefficient due to an increase in the 
desorptive-resistant fraction. Soluble concentrations of HCB in the bottomland 
hardwood soil decreased from 3 to less than 0.5 pg/L. Volatilization/nonextractable 
losses from the sealed flasks were less than 15%.
Similar results have been reported for atrazine and metolachlor residues in 
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coefficients in the field were often an order of magnitude higher than partition 
coefficients determined from 1 day laboratory incubations.
In the present study, the time-dependent effect was not observed in the 
freshwater marsh suspensions, where Kp.0^s decreased rather than increased over 
the 6 month incubation period. Some of the decrease in Kp_0bs should be accounted 
for by the increase in DOC over the incubation period. If  we initially assume an 
equilibrium condition (Kp constant), we can use equation 3.1 to predict the change in 
Kp-obs due to DOC alone. For example, in the anaerobic freshwater marsh 
suspension the decrease in Kp-0bs could be predicted by the change in DOC. 
Between 2 weeks and 16 weeks the DOC increased in this suspension from 121-254 
mg/L. Therefore, the Kp-obs should decrease by a factor of (1 + Kdoc*254 x 
10‘6)/(1 + Kdoc*121 x 10'^) = 1.80. The observed decrease in the Kp_0bs was by a 
factor of 1.82 (2803/1557 L/kg). This indicates that the true Kp is constant and not 
increasing. DOC concentrations also approximately doubled in the bottomland 
hardwood suspensions, however, a corresponding decrease in the Kp-0(jS was not 
noted.
These results are likely due to the type of organic matter present in the 
freshwater marsh as opposed to the bottomland hardwood soil. Marsh organic 
matter is derived from very recent plant material that is in various stages of decay 
(Clymo, 1983), while organic matter in the forested bottomland hardwood soil is 
likely more humified. It is also possible that intra-organic matter diffusion is being 
countered by decomposition of the organic matter, itself. Further studies will be 
necessary to fully explain this process. These results demonstrates the importance of 
the quality as well of the quantity o f substrate organic matter.
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Sediment-water exchange
Sorption of HCB onto wetland substrate and suspended solids in the 
floodwater has been characterized. However, these measurements give no 
information on the dynamic exchange between water and the sediment bed. Wetlands 
possess unique hydrological characteristics (e.g., shallow water depths and low flow 
velocities) that may result in increased sediment-water exchange through 
sedimentation and diffusion processes. Diffusive exchange was investigated in cores 
taken from the study sites. Water depths observed at the study sites were generally 
constant (4-5 cm) in the freshwater marsh while in the bottomland hardwood site 
depths ranged from 0-1 m depending on the time of year. Experiments were 
conducted at the same water depth so that the sites could be compared.
Molecular diffusion coefficients, Ds, were determined using three cores from 
each site using 3 ^ 0 .  Measured diffusion coefficients for the freshwater marsh 
(3.01 cm2/day, 4.04 cm2/day, and 6.47 cm2/day) were generally higher than the 
bottomland hardwood values (1.69 cm2/day, 2.76 cm2/day, and 3.59 cm2/day). 
These values are, on average, higher than diffusion coefficients measured in Florida 
lake sediments (1.30-1.83 cm2/day) (Van Rees et al., 1991) and a set of European 
lakes (1.36-2.57 cm2/day) (Sweerts et al., 1991) using this same technique. 
Increased porosity in wetland substrates versus the compacted nature of lake 
sediments accounts for these differences.
Diffusive exchange of HCB between the floodwater and the substrate was 
investigated in separate Teflon-lined cores. Removal of HCB from the flood water 
was relatively rapid with >98% removed after a period of 2 days (Figure 3.5). HCB 
removal from the flood water proceeded faster in the freshwater marsh cores due to 
the increased Ds in this substrate. Sediment-water exchange can be most simply 
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law, given as follows: dC-^ldt = (Ds/R)*3^Cs/5x^ where Cf^ = the concentration of 
HCB in the flood water (M/Lp), Cs = concentration of HCB in the sediment pore 
water, R is the retardation factor (dimensionless), x is the distance (L) and t is the 
time (T). When two-phase equilibrium sorption in the only mechanism of solute 
retardation in the soil, R can be expressed as R = 1 + pKp/0 where p is the sediment 
bulk density (MZL )̂, 0 is the volumetric water content (L^/L^) and Kp is the 
sediment/water partition coefficient (L^/M). Values of R calculated by non-linear 
regression for each wetland were remarkably similar (Bottomland hardwood = 53.42 
± 3.5; freshwater marsh = 50,64 ± 3.7). Since average values of p and 0 are known 
for these soils, (Bottomland Hardwood p = 0.850 g/cm-*, 0 = 0.60; Freshwater 
Marsh p = 0.14 g/cm^, 0 = 0.82) the theoretical Kp can be calculated. This results 
in a calculated partition coefficient of 37 L/kg for the bottomland hardwood 
substrate and 299 L/kg for the freshwater marsh substrate, which is one to two 
orders of magnitude lower than that calculated in the soil but similar to those 
calculated in the floodwater batch sorption experiments. Relating retardation factors 
to equilibrium sorption assumes only that a true dissolved fraction exists (no DOC), 
However, since a large percentage of HCB in the floodwater is in colloidal form, 
diffusive exchange may not be determined by the chemical properties of HCB, itself, 
but by the HCB-DOC complex. For example, in these cores average values of DOC 
in the overlying floodwater were 36.8+13 mg/L for the bottomland hardwood and 
66.7+14 mg/L for the freshwater marsh. If we assume no significant particulate 
fraction, the percentage of the HCB associated with DOC is 47% and 62% in the 
bottomland hardwood and freshwater marsh soil, respectively. It has been observed 
in a recent theoretical analysis that when the parameter, KtjocC{joc/aw > 10^ (Kdoc 
in L/kg, C^oc in mg/L) , where a w is the volume fraction occupied by the dissolved 
phase (dimensionless), then the observed partition coefficient becomes independent 
of the chemical properties of the compound, itself (Pankow and McKenzie, 1991).
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In wetland surface water, where the parameter a w is essentially = 1, this term 
exceeds 10® for HCB when the DOC concentration exceeds 41 mg/L. DOC 
concentrations in excess of this were observed in the freshwater marsh cores. 
Therefore, it is probable that in many wetland systems the exchange of DOC- 
associated organics determines the soluble flux of contaminants.
Accretion and burial
Diffusive flux between sediment porewater and the overlying floodwater will 
proceed as long as a concentration gradient exists. Wetlands that are accreting, 
however, have the potential to "bury" organic contaminants beyond the influence of 
sediment-water exchange. Accretion rates can also indicate whether these wetlands 
are net sedimenting systems, capable of removing the particulate contaminant 
fraction, although they give no information on the efficiency of particle removal. 
Accretion rates for these study sites are 0.18 cm yr‘ l for the bottomland hardwood 
site and 0.66 cm yr'l for the freshwater marsh site based on l-^Cs dating (1963- 
1990). Because of the different bulk densities of the substrates, it is also informative 
to express these as mass accumulation rates (1530 g/m^-yr for the bottomland 
hardwood site and 924 g/m^.yr for the freshwater marsh site). Accumulation rates 
can also be expressed on an organic matter basis. Since foc = 0.23 for the freshwater 
marsh and 0.028 for the bottomland hardwood, organic matter accumulation rates 
equal 231 g/m^ yr for the freshwater marsh and 30.6 g/m^ yr for the bottomland 
hardwood site.
Estimates of the depth in the substrate where HCB is effectively buried is 
beyond the scope of this paper. A number of factors including porosity, 
bioturbation, flushing rate, sediment mixing, and HCB concentration interact to 
determine sediment-water exchange. However, even if the depth was assumed to be
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as little as 2-5 cm, burial would occur on a time scale of years to decades, assuming 
no mixing. This is in contrast to time-dependent sorption processes which become 
important after weeks to months. For this reason, accretion may be more important 
in the freshwater marsh where organic matter is rapidly turning over and rate- 
dependent sorption of organic contaminants is not important.
Implications and conclusions
Predicting the role of wetlands in the removal of pollutants such as toxic 
organics will require more information on the specific processes that assimilate these 
substances in the wetland environment. Studies presented here indicate that despite 
their high foc, organic marsh soils appear to possess no advantage over mineral 
wetland soils in sorbing HCB and may be less efficient when DOC levels are high. 
These highly organic soils also showed no evidence of rate-limited sorption, a 
process that can sequester organics and limit desorption. Therefore, it is incorrect to 
attribute high sorption efficiencies to these peat soils based on the organic carbon 
content, alone. Mineral soils such as those found in bottomland hardwood forests 
may be more effective at retaining chlorinated organics because DOC levels are 
lower and rate-limited sorption increases the partition coefficient over time. These 
studies also demonstrated the importance of including a DOC phase in mathematical 
descriptions of sorption in wetlands. When rate-limited sorption is significant, 
however, partition coefficients can change and comparing or predicting "equilibrium" 
sorption over time will be misleading.
Sorptive assimilation of chlorinated organics such as HCB appear to be 
dependent on the unique hydrological conditions present in wetlands (low flow 
velocities, shallow water depths, etc.) that promote sedimentation and sediment- 
water exchange. Removal of HCB from the floodwater was rapid despite the fact
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that significant amounts of the compound was predicted to be in DOC-associated 
form. Long-term sorptive assimilation depends on two processes, sequestering of 
chlorinated organics in organic matter (rate-limited sorption) and the accretion of the 
substrate which can remove the bound organic to a zone that is not readily influenced 
by sediment-water exchange. These processes operate on two different time scales. 
Other assimilation processes such as volatilization and plant uptake were not 
investigated. Since volatilization is driven by the true dissolved phase only, rates 
should be much lower in high DOC waters. Plant uptake of chlorinated organics 
such as HCB would also appear to be low (O'Connor, 1991), although the question 
of uptake of DOC-associated organics has not been investigated.
Results presented here should be extrapolated to other wetland sites with 
caution. These two systems represent extremes in properties and it is likely that 
wetlands could be identified that span the continuum between these two sites. 
Further work should investigate the formation, deposition and stability of DOC/toxic 
organic complexes in these wetland systems,
CHAPTER 4. ASSIMILATION OF HYDROPHOBIC CHLORINATED
ORGANICS IN FRESHWATER WETLANDS.
H. MICROBIAL REDUCTIVE DEHALOGENATION.
Introduction
The ability of wetlands to serve as pollutant "filters" or buffer zones has been 
attributed to the presence of unique processes that transform certain contaminants to 
less toxic or innocuous forms (Richardson, 1989). Examples of these transformations 
include nitrification/denitrification (N) and sulfate reduction (S) (Hemond, 1983; 
Hedin et al., 1988). These processes occur in wetland systems due to the wide range 
of oxidation/reduction potentials present, A limited number of studies have extended 
these redox-sensitive transformations to toxic contaminants, including heavy metals 
and organic compounds (Masscheleyn et al., 1992; Hambrick et al., 1980). 
Transformations include oxidation/reduction, precipitation and microbial 
degradation. At present, little information is known on the dynamics of these 
processes in wetlands, despite widespread interest in the water quality functions of 
wetlands and their potential use in engineered water treatment systems (Dunbabin 
and Bowmer, 1992; Peteijohn and Correl, 1984; Lowrance et al., 1984; Boyt et al., 
1977).
An important transformation of halogenated organics is microbially-mediated 
reductive dehalogenation (Sims et al., 1991) which has been demonstrated in 
anaerobic sediments, sewage sludge, and aquifer environments (Fathepure et al., 
1988; Struijs and Roger, 1989; Kuhn and Suflita, 1989). The reduction of relatively 
oxidized halogenated organics can be energetically favorable (Brown et al., 1987) 
and under these conditions the organic compound serves as an electron acceptor. 
Since wetlands have large zones of relatively reduced sediments, the potential exists
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for this process to occur in these systems. Also, since the sequential removal of 
halogens generally results in compounds that are easier to degrade under aerobic 
conditions, the coexistence of oxidizing and reducing redox zones in wetlands 
suggests that complete oxidation of these compounds is possible. This paper will 
investigate the dynamics of reductive dechlorination in two lower Mississippi valley 
alluvial wetlands, a bottomland hardwood forest and a freshwater marsh. The priority 
pollutant hexachlorobenzene (HCB) will be used as a test compound. The previous 
paper in this series investigated the sorption and sediment-water exchange of HCB in 
these wetlands (Pardue et al., 1992).
HCB biodegradation has been shown to be very limited on biofilms (Bouwer 
and McCarty, 1984) and in anaerobic aquifer material (Kuhn et al., 1985). In 
anaerobic sewage sludge, HCB was dechlorinated to di- and trichlorinated benzenes 
(Fathepure et al., 1988). Indirect evidence of HCB dechlorination was reported after 
examination of congener profiles in Great Lake sediments (Oliver and Nichol, 1982), 
Some lower chlorinated benzenes have been shown to degrade aerobically (de Bont 
et al., 1986) and a two-stage (anaerobic/aerobic) degradation scheme for HCB (to 
CO2) has recently been demonstrated (Fathepure and Vogel, 1991).
Previous research has demonstrated microbial reductive dehalogenation 
processes for HCB but it is unclear in which environments the process has the 
potential to occur. Due to the likelihood for anaerobic conditions in wetland soils, 
this process may be important for assimilation of HCB in wetlands. In this study we 
demonstrate the reductive dehalogenation of HCB in both freshwater marsh and 




Study sites and sampling
Bulk surface soil (0-10 cm depth) was sampled from a bottomland hardwood 
forest (Spring Bayou Wildlife Management Area, Avoyelles Parish, LA) and a 
Panicum hemitomon freshwater marsh (Lake des Allemands, St. John the Baptist 
Parish, LA). Study sites have been described in more detail previously (Pardue et al., 
1992a). Briefly, the bottomland hardwood soil is clay dominated (68%) with 28 g/kg 
organic carbon. The freshwater marsh soil is organic matter dominated with 230 
g/kg organic carbon. Soils were homogenized but not predried before use. No HCB 
or other chlorinated benzene congeners were detectable initially in the wetland soils 
using the measurement techniques described below.
At several times during the year, short cores (0-20 cm) were removed from 
the study sites, covered with water, and transported to the laboratory. Redox 
potential profiles were measured immediately using a bright platinum electrode with 
a calomel half-cell reference. Redox electrodes were allowed to stabilize 3-4 hours 
before readings were taken. Efforts were made to keep the cores under field 
conditions during the length of time when the profiles were measured (48 hours).
Microcosm studies
Initial experiments were conducted with the bottomland hardwood soil in 
microcosms where the oxidation-reduction potential (Eh) and pH were continuously 
monitored. The features of the microcosm have been described previously (Patrick et 
al., 1973). Two treatments were used for these experiments, oxidized conditions 
(+500 mV) and reducing conditions (-150 mV to -200 mV). Duplicate suspensions 
(1700 mL; 5:1 watensoil ratio) were equilibrated at the desired redox potentials for 7
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days in the dark at 25±2°C. HCB, unlabeled and l ^ C - l a b e l e d  |xCi, UL- 
hexachlorobenzene, Sigma Radio chemicals), was dissolved in a small amount of 
ether (1 mL) and pipetted onto a small amount of bottomland hardwood soil (5 g). 
The ether was rapidly evaporated off under a dry stream of N2 . The soil, containing 
a thin film of HCB on the surface, was added to the microcosms. Total HCB was 
equivalent to 10 mg/kg of soil.
After the addition of the HCB to the microcosm the air stream leaving the 
flask was connected to a sampling train consisting of 1). a tube containing activated 
carbon 2), two traps (30 mL each) of 1.0 N NaOH to trap evolved ^ C 0 2 - CO2 
traps were changed every two to three days. In all microcosm and batch studies the 
criteria for microbial reductive dechlorination was observation of a decrease in HCB 
with the concomitant appearance of lower chlorinated benzenes as compared to a 
killed control.
Batch studies
Batch incubations were made under anaerobic conditions in small sealed 
flasks (25 mL Reacti-Flasks, Pierce). Prior to addition of the soil, HCB was added 
to the flasks in 1 mL of ether which was subsequently evaporated off under Ar. A 
large quantity of each wetland soil (350 g) was made up as a slurry (5:1 ratio for the 
bottomland hardwood soil, 18:1 ratio for the marsh soil) and incubated under Ar- 
purged conditions for 14 days before dispensing, without contact with air, into the 
smaller flasks containing the HCB. Water:soil ratios were chosen for each soil as the 
highest that could be maintained in a uniform suspension. Total concentration of 
HCB was 10 mg/kg of soil. Flasks were incubated in the dark at 25±2°C.
Additional batch experiments were performed using bottomland hardwood 
soil previously exposed for 4 months to 10 mg/kg of HCB. Anaerobic bottomland
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hardwood slurry (100 mL, 5:1 watensoil ratio) was dispensed to larger bottles (125 
mL, Pierce) containing previously added HCB. Total HCB concentration at the 
beginning of the experiment was equivalent to 25 mg/kg of soil. The effect of added 
carbon substrates on reductive dechlorination of HCB was evaluated using 4 
treatments. Treatments incIuded:control (no added carbon substrates), killed control 
(no added carbon substrate + 1% sodium azide), acetate (10 mM final concentration 
in slurry), and ethanol (10 mM final concentration in slurry). Duplicate vials were 
incubated for each treatmentitime combination. Organic carbon substrates were 
added as water solutions and not replenished during the experiment. Conditions of 
incubation were as described above.
Sampling
The first batch experiment using bottomland hardwood and freshwater marsh 
substrates was sampled at 0, 1, 2, 5, 7, 11, 13, 15, and 18 weeks. The second batch 
experiment investigating the effect of added carbon substrates was sampled at 0, 1, 2, 
4, 6, and 8 weeks. At selected intervals replicate flasks from the batch experiments 
were sacrificed and extracted for 18 hours with 20 mL of hexane:acetone (1:1) in 
Teflon centrifuge tubes. The soil slurry:solvent mixture was subsequently centrifuged 
to separate the soil from the water and solvents. Finally, the hexane phase was 
isolated from the H2O: acetone phase in a separatory funnel. Hexane extracts were 
cleaned up by passing through a column containing sodium sulfate and were made up 
to a suitable volume for analysis. Microcosm samples (30 mL) were removed, 
extracted and cleaned up as described above. Aliquots of the CO2 traps were 
counted on a liquid scintillation counter. Quenching of counting was corrected 
using the external standard technique.
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Gas chromatographic analyses
Samples were analyzed using high resolution gas chromatography using an 
electron capture detector. The chromatographic conditions were as follows: GC- 
Perkin-Elmer 8410; column-30 m DB-5 capillary column; injection-1 pL splitless at 
250°C; temperature program- 32°C initially (2 minutes), ballistic temperature rise to 
150°C, 2°C/min. to 230°C; total analysis time-48 minutes; ECD-375°C. Retention 
times and response factors for the various chlorinated benzene congeners were 
determined by analyzing individual standards (1 ng/pL). A single standard 
containing all of the congeners was made up to calibrate the response factors daily. 
Minimum detection limit for HCB was 0.02 ng.
Results and Discussion
HCB dechlorination dynamics in bottomland hardwood soil
In the bottomland hardwood soil dechlorination of HCB was observed in the 
anaerobic suspensions (-150 mV to -200 mV) after a lag period of approximately 2 
weeks. Significant concentrations (~50%) of HCB were dechlorinated under 
anaerobic conditions while no dechlorination was observed under aerobic conditions 
(+500 mV). No l^ c  was evolved as ^ C 0 2  in either treatment over the course of 
the experiment.
The relative appearance of lower chlorinated benzene congeners is presented 
in Figure 4.1. Possible degradation pathways for HCB under anaerobic conditions 
have been discussed previously (Fathepure et al., 1988). There are three possible 
tetrachlorinated benzenes (1,2,3,4; 1,2,4,5; and 1,2,3,5) and it is here where the 
degradation pathways diverge. Dechlorination of HCB in the bottomland hardwood 
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Figure 4.1. Appearance of lower chlorinated metabolites of HCB under low redox 
conditions (-150 mV to -200 mV) in a forested bottomland hardwood 
soil suspension. Initial HCB concentration, 10 mg/kg soil. Points are 
means of duplicate determinations (C. V. < 10%).
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dichlorobenzenes. The metabolite 1,2,3,5-tetrachlorobenzene was also observed, in 
addition to 1,2,3,4-tetrachlorobenzene, suggesting degradation through all 
tetrachlorobenzenes is possible. Conversion to pentachlorobenzene is the initial step 
in the reduction of HCB. Pentachlorobenzene accumulated until approximately day 
36 when further dechlorination to tetrachlorobenzene became greater than 
conversion of hexachlorobenzene to pentachlorobenzene. 1,2,4,5-tetrachlorobenzene 
began accumulating after several days and was the primary tetrachlorinated congener 
observed. 1,2,3,5 and 1,2,3,4-tetrachlorobenzene appeared after 32 and 37 days, 
respectively. Further dechlorination to trichlorobenzenes was detected after 28 days 
(1,3,5-trichlorobenzene) and 32 days (1,2,4-trichlorobenzenes), respectively. Small 
but measurable concentrations of dichlorinated benzenes began appearing after 42 
days of incubation. No monochlorobenzene was observed in the soil suspensions, 
however, the more volatile lower chlorinated benzenes are difficult to study in these 
gas purged microcosms. These results do demonstrate the sequential cascading 
nature of dechlorination reactions and suggest likely pathways of HCB degradation. 
Relative pathways of dechlorination are significant because the final chlorinated 
benzene products appear to be different (Fathepure et al., 1988). These end products 
differ in their toxicity, bioaccumulation potential (Pereira et al., 1988), and 
susceptibility to further microbial attack under oxidized conditions.
Degradation of HCB in two wetland soils
Batch experiments were conducted comparing HCB degradation in organic 
matter-dominated freshwater marsh soil and mineral-dominated bottomland 
hardwood soil. Reductive dechlorination of HCB was observed in both freshwater 
marsh and bottomland hardwood wetland substrates after lag periods of 7 and 5 
weeks, respectively, in batch flasks incubated under anaerobic conditions.
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Approximately 50-60 percent of hexachlorobenzene was degraded to lower 
chlorinated intermediates in the bottomland hardwood while degradation in the 
freshwater marsh soils approached 90 percent after 18 weeks of incubation (Figure 
4.2). High concentrations of methane were measured in the headspace of the batch 
flasks throughout the experiment. No dechlorination was observed in killed controls 
treated with the biocide, sodium azide.
Two groups of lower chlorinated metabolites were observed in the wetland 
soils (Table 4.1). These groups of metabolites correspond to pathways suggested 
previously for HCB degradation (Fathepure et al., 1988). One possible pathway is 
degradation of HCB to dichlorobenzenes (1,3;1,4; and 1,2) via pentachlorobenzene,
1,2,4,5 tetrachlorobenzene, and 1,2,4 trichlorobenzene. These metabolites appeared 
to accumulate preferentially in the bottomland hardwood soil. A second possible 
pathway is degradation of HCB to 1,3,5 trichlorobenzene via 1,2,3,5 
tetrachlorobenzene and pentachlorobenzene. These metabolites appeared to 
accumulate preferentially in the freshwater marsh soil. These metabolites (ending in 
the accumulation of 1,3,5 trichlorobenzene) were also the primary compounds seen 
in the degradation of HCB in sewage sludge (Fathepure et al., 1988). Both pathways 
have also been observed during degradation of HCB in mixed culture (Hollinger et 
al., 1992). In biofilm reactors fed with methanol 1,2,3,4-tetrachlorobenzene was the 
primary metabolite (Fathepure and Vogel, 1991). In biofilm reactors fed with acetate
1,2,3-trichlorobenzene was the primary metabolite (Fathepure and Vogel, 1991). 
Example chromatograms of the soil extracts are presented in Figure 4.3 for the 
bottomland hardwood and freshwater marsh soil.
Differences in the extent of degradation and the accumulation of different 
metabolites in the two wetlands substrates suggests that different microbial 
populations are operating in these soils. More extensive degradation in the 
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Figure 4.2. Disappearance of HCB from anaerobic freshwater marsh and
bottomland hardwood soil batch suspensions. Initial concentration 
was 10 mg/kg soil. Points are means of duplicate determinations (±1ct).
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Table 4.1. Lower chlorinated benzenes observed in static batch experiments. Primary 
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Figure 4.3. Gas chromatograms of extracts of wetland soils at week 1 (A.) and
after 11 weeks and 13 weeks of incubation in the bottomland hardwood 
and freshwater marsh soil, respectively (B.).
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substrates from the decaying plant material in the wetland. Addition of simple 
organic substrates has been shown to accelerate the rate and onset of reductive 
dechlorination in anaerobic sediments (Nies and Vogel, 1990) and aquifer materials 
(Gibson and Suflita, 1990). Sorption of HCB may also affect the extent of 
degradation in these soils. Previous studies using these wetland soils have shown that 
high concentrations of dissolved organic carbon in the freshwater marsh soil inhibited 
partitioning of HCB into particulate organic matter where degradation may be 
impossible. Partitioning of HCB in the freshwater marsh soil also appeared to be 
constant over time suggesting that rate-limited sorption may not be significant in this 
soil (Pardue et al., 1992).
The accumulated metabolites of HCB has significant implications on the 
persistence of chlorinated benzenes in wetland soils. Accumulation of 1,3,5 
trichlorobenzene, for example, occurred without further removal of chlorines in 
sewage sludge (Fathepure et al., 1988) and was the only product found in enrichment 
cultures grown on HCB (Hollinger et al, 1992). In the bottomland hardwood soil, 
however, dechlorination proceeds primarily to the dichlorobenzenes.
Effect of added carbon substrates on HCB degradation
Additional batch studies were conducted to determine the effect of added 
carbon substrates on HCB dechlorination in the bottomland hardwood soil. Studies 
were conducted with soil preexposed to HCB for 4 months. Dechlorination products 
were detected in the soil prior to the start of the experiment indicating the sample 
possessed dechlorination ability. Degradation of HCB was observed in all non-killed 
samples with no observed lag time. However, little difference in the maximum HCB 
degradation rate was observed between treatments receiving carbon substrate 
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Figure 4.4. Appearance of 1,2,4,5-tetrachlorobenzene and 1,4-dichlorobenzene in bottomland hardwood soil with carbon amendment 
(ethanol) and without (control). Inset. Degradation of HCB after various carbon amendments.
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degradation constants were control (0.008 ±0.003 day~l), ethanol (0.008±0.003 
day"l) and acetate (0.008±0.004 day“^). Small, but statistically significant, 
differences were observed in the accumulation of chlorinated benzene metabolites. 
An example is presented in Figure 4.4 comparing the appearance of 1,2,4,5- 
tetrachlorobenzene and 1,4-dichlorobenzene, two metabolites in the degradation 
pathways previously hypothesized (Fathepure et al., 1988). The addition of 10 mM 
ethanol reduced the accumulation of the higher chlorinated metabolite (1,2,4,5- 
tetrachlorobenzene) and accelerated the formation of 1,4-dichlorobenzene. A similar 
pattern was observed for the addition of acetate (data not shown). Despite these 
observed differences, the overall effect of adding carbon substrates on HCB 
degradation was quite small. More dramatic effects on reductive dechlorination were 
observed in aquifer material (Gibson and Suflita, 1990) and river sediments (Nies and 
Vogel, 1990). It is likely that HCB degradation is not limited by the availability of 
carbon substrates in this wetland soil. The availability of the insoluble HCB to the 
degrading organisms is likely a limiting factor in its degradation.
Effect of wetland redox status
Reductive dechlorination of HCB in wetland substrates has been 
demonstrated in laboratory studies. However, actual environmental conditions in 
wetlands may not ensure anaerobic, low redox conditions in the substrate necessary 
for the process to occur. In well-poised wetland soils, redox potential reflects 
differences in the supply and demand of naturally available oxidants (e.g., O2). 
Redox conditions in the substrate are strongly influenced by the hydrology of the 
systems. The bottomland hardwood forest site is characterized by seasonal flooding 
and the observed floodwater depth ranged from 0-1 m. As a result, rapidly- 
fluctuating water levels in the bottomland hardwood site produced greater variance
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in redox conditions. The freshwater marsh was continuously flooded with water 
levels of 2-5 cm. Representative profiles of redox potential in cores from the study 
sites are presented in Figure 4.5.
Redox profiles in the organic matter-dominated freshwater marsh consistently 
demonstrated greater reduction intensity than the mineral-dominated bottomland 
hardwood soil. This is due to the increased demand for O2 in the marsh substrate 
consisting primarily of decaying plant material. Measured redox potentials in 
wetlands give some indication whether reductive dechlorination is possible in the 
field, since low redox conditions are necessary for the degradation process to 
proceed in sediments. Redox conditions in the freshwater marsh show a greater 
potential for reductive dehalogenation than the bottomland hardwood wetland. 
Hydrological and redox conditions observed in the bottomland hardwood forest 
suggest that soils would be suitable for reductive dehalogenation of HCB for only 
short periods during the year and at significant depth within the substrate. Measured 
redox potentials do, however, represent a bulk potential and, therefore, indicate 
average conditions in the soil profile. Low redox, anaerobic conditions may exist in a 
small portion of the soil, in aggregates, where degradation of HCB is possible.
Conclusions and Implications
These results demonstrate the potential for reductive dehalogenation to occur 
in wetland environments. Anaerobic wetland substrates are a likely site for these 
transformations to occur. The degradation process is redox-sensitive, however, and 
is likely to be influenced by changes in hydrology and oxygen demand in the 
substrate. Degradation rates and observed metabolites are consistent with previous 
studies of HCB degradation. Differences in accumulated metabolites suggest that 
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Figure 4.5. Oxidation-reduction potential profiles in freshwater marsh (5/92) and 
bottomland hardwood forest soils (5/91).
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transformations of chlorinated organic compounds is another water quality function 
that wetlands can provide on the landscape.
CHAPTER 5. ASSIMILATION OF NAPHTHALENE IN TWO 
FRESHWATER WETLANDS
Introduction
Wetlands have been hypothesized to serve as filters, sinks, and buffer zones 
for a wide variety of anthropogenic pollutants including toxic organics (Mitsch and 
Gosselink, 1986; Richardson, 1989). This concept has led to the use of natural and 
constructed wetland systems for the treatment of municipal and industrial waste 
streams (Dunbabin and Bowmer, 1992; Peteijohn and Correl, 1984). The use of 
wetlands in treating non-point source (NPS) run-off from agricultural fields, 
including pesticides, has also been implemented (Hammar, 1992). The fate of toxic 
organics in natural wetlands is also of interest due to continually decreasing water 
quality and the concern over impairment of natural wetland functions by organic 
contaminants. At present, however, little is known about the fate of toxic organics in 
wetlands and the individual assimilative processes that may operate on toxics in 
wetland systems.
Assimilative processes operating in wetlands include sedimentation, sorption, 
biodegradation, and volatilization. The relative importance of each of these processes 
is dependent on features of both the wetland and the organic compounds, 
themselves. Design of wetland treatment systems should emphasize assimilative 
processes that result in attenuation and degradation of the chemical rather than 
simple transfer to another environmental compartment (e.g., air). In general, sorption 
and biodegradation in wetland substrates may be enhanced due to elevated organic 
matter content (greater ^oc) and large detrital microbial populations. Other features 
may inhibit assimilation. Elevated dissolved organic carbon (DOC) concentrations 
may inhibit sorption onto settleable particles (Baker et al., 1986; Chiou et al., 1987).
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Biodegradation may be inhibited in sediment redox zones where organisms lack 
enzymes to degrade specific contaminants.
Polycyclic aromatic hydrocarbons are a class of organic compounds often 
associated with petroleum wastes. This group of compounds includes priority 
pollutants such as naphthalene and phenanthrene. Naphthalene has been used as a 
test compound for other organics in this group because it is of moderate solubility 
(31.7 mg/L (Mabey et al., 1982)), moderate volatility (Henry's law constant = 4.6 x 
10'4 (Mabey et al., 1982)) and has a biodegradation pathway that is understood in 
detail (Barnsley, 1976). Therefore, naphthalene was chosen as a test compound for 
examining assimilation of toxic organics in wetlands.
Assimilation of organic compounds such as naphthalene depends on the rate 
of assimilative processes such as biodegradation exceeding the residence time of the 
organic in the wetland. At present little is known about the degradation kinetics of 
toxic organics in natural environments such as wetlands. Microbial degradation is 
most often described using variants of the Monod equation, developed for growth of 
microorganisms in culture although applications of these models to degradation of 
toxic organics in soils has been largely unsuccessful (Scow et al., 1986). This has led 
to the development of alternate models which are better suited to describing shapes 
of mineralization curves in soils (Scow et al., 1986; Brunner and Focht, 1984). 
Although these model lack the strong theoretical basis of the Monod models, they 
are adept at fitting mineralization curves of many different shapes and the parameters 
of these models can be easily compared between different soils or treatments.
This study will investigate factors affecting assimilation of naphthalene in two 
freshwater wetland substrates: a mineral-dominated forested bottomland hardwood 
wetland soil and an organic matter-dominated freshwater marsh soil. Mineralization 
kinetics, sorption, and diffusive flux between the sediment bed and the overlying 
water column will be investigated in laboratory experiments. Processes measured
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here may be useful in estimating the assimilative capacity of these wetlands for 
organic contaminants such as naphthalene.
Materials and Methods
Sampling and study sites
Bulk soil, soil cores and floodwater were sampled from two lower Mississippi 
valley alluvial wetlands: a bottomland hardwood forest in the Spring Bayou Wildlife 
Management Area in Avoyelles Parish, LA and a freshwater marsh fringing Lake des 
Allemands, St. John the Baptist Parish, LA. The bottomland hardwood site is 
dominated by woody vegetation including oaks and cypress. The soil is a Sharkey 
clay with the following characteristics (Vertic Haplaquept, pH = 6.5, organic carbon 
= 90 g C/kg soil, clay = 68%, silt = 27%, sand = 5%). The freshwater marsh site is 
dominated by maiden cane (Panicum hemitomon). The soil is a highly organic peat 
with the following characteristics (pH = 6.3, organic carbon = 280 g C/kg soil). No 
naphthalene was initially detected in these soils using the measurement techniques 
described below.
Several times during the year short cores (0-20 cm) were removed from the 
bottomland hardwood and freshwater marsh study sites and transported to the 
laboratory covered with water. Redox measurements were initiated immediately at 
several depths in the substrate. Efforts were made to maintain the cores under the 
hydrological conditions observed during sampling.
Naphthalene degradation study
Soil from the study sites (Spring Bayou and Lake des Allemands freshwater 
marsh) were incubated in controlled redox-pH microcosms (Patrick et al., 1973)
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under aerobic (>600 mV) conditions. Soils were made to suspensions of 18:1 
(bottomland hardwood) and 36:1 (freshwater marsh), respectively. Soils were 
equilibrated for 2 weeks under aerobic conditions. Fifty mL of slurry were added to 
replicate bottles sealed with Teflon-liner septa and aluminum crimp seal caps 
(Pierce). ^C-labeled and unlabeled naphthalene was added at 4 concentrations 
equivalent to 0.1, 1.0, 10.0, 100.0 (ig/g dry soil. Sample headspaces were filled with 
O2 , and samples were shaken continuously using an oscillating shaker. Killed 
controls (1 g NaNj) were also included to separate abiotic degradation. At periodic 
sampling times bottle headspaces were purged with air into traps containing 1 N 
NaOH. Aliquots of these traps were added to liquid scintillation cocktail and 
samples were counted for 50 minutes. Addition of BaCl2 to NaOH traps confirmed 
the presence of in carbonate form. Redox measurements made following the end 
of the experiment indicated no change in aerobic redox potential observed initially.
Kdoc determination
The partition coefficient between naphthalene and wetland DOC was 
determined using the equilibrium dialysis technique (McCarthy and Jimenez, 1985). 
Wetland dissolved organic carbon was isolated from pore water of soil suspensions 
in controlled redox-pH microcosms constructed as described earlier. Suspensions 
were incubated under anaerobic conditions (-250 mV) for 2 months before sampling. 
Samples of suspensions were centrifuged (1700g for 1 hour) in a refrigerated 
centrifuge (Dupont-Sorvall RCB-5). Suspensions were carefully decanted and 
filtered through glass wool to remove any floating organic matter. Dissolved organic 
carbon was operationally defined as that DOC remaining in solution after this 
centrifugation step. An aliquot of DOC-containing water (20 mL) was pipetted into 
rinsed dialysis tubing (Spectra/Por 6, molecular weight cut-off 1000) and placed in a
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bottle containing 150 mL of a aqueous naphthalene solution (22 mg/L) with 0.02% 
sodium azide added as a biocide. An aliquot of ^C-Iabeled naphthalene was also 
added and the bottle were sealed and placed on an oscillating shaker for 4 days. 
Samples were then removed from inside and outside the dialysis tubing, extracted 
with hexane:acetone and analyzed using a GC-FID (Perkin Elmer 8510 gas 
chromatograph with flame ionization detector; 30 m DB-5 capillary column; injection 
temperature-250°C; column temperature- isothermal at 175°C). Duplicate 
subsamples were counted for using a liquid scintillation counter. Partition 
coefficients were calculated from concentrations of naphthalene inside and outside 
the dialysis tubing.
Sorption isotherms
Sorption isotherms for naphthalene were generated using soil suspensions 
(bottomland hardwood and freshwater marsh soils) incubated under anaerobic (-200 
mV) and aerobic (+600 mV) conditions in controlled redox-pH microcosms as 
described above. Subsamples of the suspensions were removed with a glass syringe 
and needle and added to Teflon centrifuge tubes. Samples were amended with 
various amounts of naphthalene (0-45 pg/g soil) and shaken for 24 hours. Samples 
were centrifuged as described above and the supernatant carefully decanted to a glass 
centrifuge tube containing hexane:acetone (1:1). Samples were analyzed for 
naphthalene as described above.
Sediment-water exchange
Wetland soil cores (~30 cm) were removed from the field using an aluminum 
cylinder (15 cm diameter). Cores were transferred in the field to PVC cylinders lined
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with Teflon backing (Bytac). Cores were transported to the laboratory and flooded 
to a uniform depth (6 cm) using surface water sampled from the wetland study sites. 
Suspended solids were allowed to settle before initiating experiments. A biocide (1 g 
of NaN3) was added to the surface water before addition of naphthalene to inhibit 
biodegradation. Surface water of replicate cores was spiked with l^C-Iabeled 
naphthalene (0.2 pCi). Water was mixed gently to avoid resuspension of sediment 
solids. Sediment cores were covered with tight-fitting PVC caps to reduce 
volatilization. Periodically, one mL aliquots of the surface water were removed from 
the water column and the activity of determined by liquid scintillation. Several 
samples were checked for concentrations of naphthalene using GC techniques 
described earlier.
Theoretical
Naphthalene mineralization data were fit to several models using non-linear 
regression techniques. These included several variants of the Monod's model, a three- 
half order kinetic model (Brunner and Focht, 1984) and a two compartment model 
(Scow et al, 1986). The linear growth version of the three-half order kinetic model is 
given below:
P = S0(l-e -* 'K**',)/a) + k j  (5.1)
where P = product (e.g., CO2), S0= amount of substrate converted to product, t = 
time, and kj, k2, and ko are adjustable constants. A sensitivity analysis of the model 
is presented in Appendix A. The two-compartment model is given in the form:
P=  ^ ( l - e - * 0  + ^ 2(l-<T*lf) (5.2)
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where P = product (e.g., CO2), t = time, and lq, k2 , Vb and \]/2 are adjustable 
constants. These models have been used to describe mineralization of organic 
compounds in soils. Derivations of the equations are presented in the original papers 
(Brunner and Focht, 1984; Scow et al., 1986).
Results and Discussion
Naphthalene mineralization
Extensive mineralization of naphthalene was observed under aerobic 
conditions in mineral-dominated bottomland hardwood soil (Figure 5.1) and organic 
matter-dominated freshwater marsh soil (Figure 5.2) over a concentration range of 4 
orders of magnitude. Regardless of naphthalene concentration, total mineralization 
greater than 10% of the initial concentration was observed after one day. Maximum 
rates of mineralization were reached within 3 days regardless of naphthalene 
concentration. After this time, rates of mineralization rapidly decreased. Little release 
(<2%) of 14C 02 was observed in killed controls.
Concentration of naphthalene had a significant effect on the shape of 
mineralization curves. For low concentrations of naphthalene, mineralization began 
without any apparent lag time. As naphthalene concentrations increased, 
mineralization curves became more linear. This effect has been observed previously 
in soils for a variety of organic compounds in soils (Scow et al., 1986). Shapes of 
mineralization curves were veiy similar for the two wetland soils, despite the large 
difference in organic carbon content. This suggests that assimilation through 
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Figure 5.1. Kinetics of naphthalene mineralization in bottomland hardwood soil 
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Figure 5.2. Kinetics of naphthalene mineralization in a freshwater marsh soil
at four different concentrations. Data are fitted to a three-half order 
kinetic model.
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Mineralization of naphthalene in both wetland soils was best described using 
the three-half order kinetic model (Brunner and Focht, 1985). The model converged 
for all treatments in each soil regardless of the initial parameter guesses. Kinetic 
parameters for the three-half order model are given in Table 5.1. The two 
compartment model (Scow et al., 1985) was less successful at describing 
mineralization rates. This model converged on only two treatments (freshwater 
marsh, 0.1 and 1.0 pg/g concentrations) and residual sum of squares was higher than 
for the three-half order kinetic model. A sensitivity analysis of the four terms, S0, k0, 
k j, and k2, was performed to determine a physical meaning for these adjustable 
parameters. The parameter S0 is a measure of the total amount of compound 
mineralized during the initial rapid degradation period. The terms, k\  and k2 , are 
"shape" parameters that determine the general form of the curve. The parameters 
also serve as a general measure of the lag time, e.g., the higher the value of kj, the 
shorter the lag time. However, these two parameters interact to determine the shape 
of the curve and, therefore are not easily interpretable on their own. The fourth 
parameter, kQ, serves as a measure of the rate of degradation after the initial rapid 
rate of degradation has ceased. In these soils differences were observed between 
parameters at different concentrations of naphthalene. For example, little difference 
was observed between values of SQ for the four concentrations of naphthalene in the 
freshwater marsh. However, values of S0 increased as concentration decreased in the 
bottomland hardwood soil indicating a lower potential for degradation of higher 
concentrations of naphthalene in this soil. This may be due to a nutrient or 
cosubstrate limitation in the mineral soil that is restricting the degradation of high 
concentrations of naphthalene. Values of k0 were similar, regardless of initial 
concentration and ranged from 0.5-2.3. Negative values were obtained for the 
parameter k2 for several treatments. While these values provided the best fit to the
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Table 5.1. Kinetic parameters for mineralization of naphthalene in freshwater marsh
and bottomland hardwood forest soil from three-half order model. Paramete 
asymptotic standard deviation.
Substrate/ So k l k2 k0
Concentration (%) (d a y 1) (day-2) (%/day)
Bottomland
Hardwood
0.1 |ig/g 43.2+2.2 2.6±4.5 40.4+50 0.9±0.5
1.0 p.g/g 37.4+2.0 1.2+0.3 2.1±1.4 1.1±0.4
10.0 p.g/g 33.8+7.5 0,8±0.1 -0.03±0.2 0.7+0.9
100.0 ng/g 22.0+4.0 1.5+0.4 -0.31+0.1 2.3±0,8
Freshwater Marsh
0.1 ng/g 36.9±1.2 3.6±0.3 -0 .8+0,1 1.2+0 .3
1.0 Hg/g 33.8+0.7 1.3±0.1 2.2±0.7 1.3±0.1
10.0 ng/g 36.5+4.2 0 .6±0.1 0 .1±0.1 0 .6±0.6
100.0 jlg/g 35.3+5.9 0.4+0.1 0.2+0.1 0,5+0.8
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data, it may be necessary to bound the model such that k2>0, particularly if the 
model is to be extrapolated to long times.
Preliminary experiments in controlled Eh-pH microcosms indicated the total 
absence of naphthalene mineralization under anaerobic conditions. Slow 
mineralization of naphthalene under anaerobic conditions has been observed 
previously (Hambrick et al., 1980; Mihelcic and Luthy, 1988a). Mineralization was 
also not observed under anaerobic conditions in the presence of excess 
concentrations of nitrate over a 4 week incubation period.. Mineralization under 
denitrifying conditions has been reported in soils (Milhelcic and Luthy, 1988b) after a 
lag period of 1-2 weeks. It is possible that incubation times in these wetland soils 
were not long enough to observe the onset of degradation. Further work will be 
necessary to determine if mineralization of naphthalene is possible in wetland soils 
using nitrate as an alternate electron acceptor. This process may be important in the 
anaerobic zone of sediments where nitrate can be present.
Sorption and sediment-water exchange
Data presented above indicate that mineralization is a potentially significant 
assimilation process in the aerobic zone of sediments. The relative importance of 
biodegradation in wetland assimilation depends on the ability of naphthalene to 
partition to the sediment bed. Two general processes serve to move organics from 
the water column: settling of contaminated solids and the diffusive flux of dissolved 
species between the water column and the sediment bed.
Sorption and settling of particles is an important process for removing 
organic contaminants from wetlands. Sorption of organic contaminants is most often 
described by a linear isotherm, S = KpC where S is the sorbed concentration 
(mg/kg), C is the dissolved concentration (mg/L) and Kp is the partition coefficient
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Figure 5.3. Sorption of naphthalene on bottomland hardwood (BLH) and
freshwater marsh (FM) soil incubated under aerobic and anaerobic 
conditions.
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(L/kg). Results from the sorption experiments were fitted to this equation and are 
presented in Figure 5.3, Partition coefficients for the freshwater marsh were 189± 
13L/kg (±s.e.) and 127+6 L/kg for the aerobic and anaerobic samples, respectively. 
Partition coefficients for the bottomland hardwood soil were 47.9+2.4 L/kg and 50.3 
±6.4 L/kg for the aerobic and anaerobic samples, respectively. Partition coefficients 
for the two soils followed the general trend of increased sorption as the fraction of 
organic carbon increased. The partition coefficient can be normalized to the organic 
carbon content as Koc = Kp/foc, where Koc is the organic carbon partition 
coefficient (L/kg) and foe is the fraction of organic carbon present in the soil. 
Normalized partition coefficients were similar between the two soils (ranging from 
532 L/kg for the aerobic bottomland hardwood soil sample to 675 L/kg for the 
aerobic freshwater marsh soil sample).
Partition coefficients in the freshwater marsh soil were significantly different 
(Student's t-test, P<0.05) between aerobic and anaerobic incubations. Large 
differences in the dissolved organic carbon (DOC) concentrations for the aerobic 
versus the anaerobic suspension suggest a role for this phase in the sorption of 
naphthalene. When a third phase is present, the partition coefficient is redefined as an 
"observed" partition coefficient, Kp_0bs = Kp/(l+KdocDOC) where K joc is the 
partition coefficient of the organic contaminant between DOC and water (L/kg) and 
DOC is the concentration of dissolved organic carbon (kg/L). To calculate the 
potential effect of this phase on observed sorption of naphthalene in wetlands, the 
partition coefficient for naphthalene between DOC and water was measured using 
dialysis techniques. Results are presented in Table 5.2. Partition coefficients ranged 
from 1856 to 2495 L/kg for bottomland hardwood and freshwater marsh DOC, 
respectively. These partition coefficients are of the same order of magnitude as those 
calculated previously for naphthalene (McCarthy and Jimenez, 1985).
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Table 5.2. Partition coefficients, K(joc, between wetland DOC and water.
Substrate_________ DOC (mg/L)_______Khqp (L/kg)____________
Bottomland 40.8+2.1 1,856+284
hardwood
Freshwater marsh 338.7±12 2,495±65
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If the three-phase model is applicable, the difference in the observed partition 
coefficient for two samples can be theoretically calculated by (Kp_0bs)i/(Kp_0bs)2 = 
(1 + KcjocDOC)2/(1 + K(jocDOC)i. Concentrations of dissolved organic carbon in 
the freshwater marsh suspensions were 51,8 and 245.7 mg/L in the aerobic and 
anaerobic samples, respectively. The theoretical ratio of the freshwater marsh 
partition coefficients (aerobic/anaerobic) =1.43. The actual measured ratio was 1.49. 
Therefore, it appears that a three phase model is applicable for describing changes in 
the partition coefficient as affected by the high DOC present in wetlands. In the 
bottomland hardwood wetland, interstitial DOC concentrations were low and similar 
in both treatments (23.8 mg/L and 28.5 mg/L for the anaerobic and aerobic 
suspensions, respectively). Therefore, little difference was seen between partition 
coefficients in this soil.
Concentrations of suspended solids present in these wetland systems (<5 to 
100 mg/L) and the relatively low partition coefficient suggests that naphthalene in the 
floodwater is almost exclusively in dissolved form. Therefore, sorptive assimilation of 
naphthalene in wetlands depends on the ability of the compound to diffuse to the 
sediment bed. Shallow water depths present in these wetlands suggest that this 
process can be important, even in the absence of floodwater mixing. Diffusive flux of 
naphthalene is presented in Figure 5.4. Labeled naphthalene decreased below 50% of 
its initial concentration after a period of one week. Diffusion was faster to the 
freshwater marsh soil as compared to the bottomland hardwood soil. Previous 
studies (Pardue et at., 1992, submitted) have measured molecular diffusion 
coefficients in these wetland soils using reservoir techniques (Van Rees et al., 
1991). Diffusion coefficients (Ds) averaged 4.51 cm^/day for the freshwater marsh 
and 2.68 cm^/day for the bottomland hardwood soil. Larger diffusion coefficients 
and higher sorption in the marsh soil accounts for the more rapid rate of naphthalene 
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Figure 5.4. Diflustve exchange of naphthalene from floodwater to bottomland 
hardwood and freshwater marsh soil cores.
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Since these wetlands are accreting, the potential exists for burial of 
contaminants beyond the influence of sediment-water exchange. Accretion rates, 
determined by dating of sediment cores from the two sites, were 0.66 cm/year
and 0.18 cm/year for the freshwater marsh and bottomland hardwood wetland, 
respectively. Higher accretion in the freshwater marsh is due to low bulk density 
plant material that accumulates yearly. Plant biomass in both wetland types also 
serves to stabilize the bed, inhibiting mixing, and promoting the burial of organic 
contaminants. Rates of burial, however, are orders-of-magnitude slower than 
biodegradation, sorption, and difliision in these systems and it is unclear what 
significance this process has for assimilation of organic contaminants in wetlands.
Implications and Conclusions
Assimilation of naphthalene in two wetland systems is enhanced by rapid 
mineralization rates, sorption on wetland soils and diffusive exchange between the 
overlying water column and the bed. Degradation (mineralization) appears to be 
dependent on the presence of aerobic conditions in the wetland soil. Measurement of 
redox potentials in cores taken from the field give an indication of the potential for 
mineralization. Redox potentials in the freshwater marsh taken at several times 
during the year indicate anaerobic conditions (-100 raV to -350 mV) within 1 cm of 
the surface. Continuous flooding and the high oxygen demand of the rapidly decaying 
plant material create conditions favorable for anaerobiosis. It is likely that the aerobic 
zone is localized at a very short distance (e.g., several millimeters) away from the 
sediment-water interface. By contrast, in the seasonally flooded bottomland 
hardwood soil, conditions are favorable for naphthalene mineralization when 
floodwater depths are low (Figure 5.5). At periods when no there is no surface
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Figure 5.5. Redox potentials measured from bottomland hardwood field cores at three
different floodwater depths during the year (Figure adapted from Masscheleyn 
et al„ 1992).
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water, redox potentials favorable for naphthalene mineralization exist, even at depth 
in the wetland soil.
High concentrations of dissolved organic carbon in the freshwater marsh soil 
decrease sorption, a process that can be predicted using a three phase model. The 
presence of high concentrations of DOC may reduce naphthalene sorption, 
particularly in the water column where DOC concentrations can exceed 
concentrations of particulate solids. For naphthalene, the effect is limited to those 
systems (e.g., highly organic marshes) which have particularly high concentrations of 
DOC.
Other assimilation processes may also act on PAH's such as naphthalene in 
wetlands. Naphthalene is moderately volatile with a Henry's Law constant of 4.6 x 
10"4 atm/m^-M. Volatilization may be an important assimilation processes operating 
in aquatic systems for compounds in this range of Henry's Law constants (Chapra, 
1991). Theoretically, the volatilization mass transfer coefficient can be related to 
three system parameters: the Henry’s Law constant, the molecular weight of the 
compound and wind speed over the water surface. Therefore, for a given compound 
volatilization depends on the wind speed over the water surface, alone. It is probable 
that in heavily vegetated or sheltered wetlands, wind speeds will be greatly reduced 
as compared to an open lake, for example. In addition, organic contaminants 
associated with DOC will not volatilize, further decreasing the mass transfer through 
this process. Field measurements of volatilization of organic compounds in wetlands 
have not been made, however.
Other potential assimilation processes include plant uptake. Previous studies 
on sewage sludge amended soils indicate that plant uptake of toxic organic 
compounds is a relatively minor process (O'Connor et al., 1991). Specific studies 
using wetland plants have not been conducted, however.
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In this study, several processes have been quantified that affect the 
assimilation of organic contaminants in wetlands, including biodegradation, sorption, 
and sediment-water exchange. These processes act over several different time scales 
and their rates depend on biological, chemical and physical properties of the 
particular wetland. Other processes, e.g., volatilization, have not been quantified and 
deserve further study. Rates of assimilation processes measured here should be 
extrapolated to the field and other wetland systems with caution. Processes were 
measured under controlled conditions, e.g., redox potential, which can vaiy widely in 
the field. Experiments conducted here should help estimate the assimilative capacity 
of wetlands for organic contaminants.
CHAPTER SIX. REMOVAL OF TOXIC ORGANICS IN WETLANDS: 
A CONCEPTUAL ASSIMILATION MODEL
Introduction
Release of toxic organic compounds into aquatic ecosystems has created the 
problem of predicting the fate of these inputs, specifically, understanding how 
aquatic systems can assimilate pollutants and what affect this has on the overall 
function of these ecosystems. Several processes can contribute to toxicant 
assimilation and these include adsorption of the contaminant, uptake by system biota, 
and degradation of the contaminants by biotic or abiotic reactions. Transfer 
processes such as advection, diffusion and volatilization are also operating on 
organic contaminants in aquatic systems.
The assimilatory function of aquatic ecosystems can be expressed most 
simply as (Chapra, 1991):
c =  pqn (6 .1)
where c = toxicant concentration (g/m-*), cjn is the input toxicant concentration 
(g/m^), and p is the overall assimilation function. The value of p for various aquatic 
systems and various pollutants has been evaluated empirically (e.g., P, Vollenweider, 
1968) and mechanistically (Thomann and Di Toro, 1983). The empirical method of 
evaluating P is based solely on statistical analyses of data sets while the mechanistic 
approach relies on these data sets for calibration and verification. Use of either 
method for organic contaminants is limited by the lack of adequate field data for any 
compounds. Nevertheless, in the absence of data the mechanistic approach can be 
used to identify theoretical concepts that may be useful in evaluating the assimilation 
capacity of different aquatic ecosystems.
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Chapra (1991) has utilized this approach to propose factors involved in the 
assimilation of organic contaminants in lakes. This simplified analysis considered 
adsorption, volatilization, and resuspension of bottom sediments only, as an upper 
bound on the concentration of the toxicant in the lake. Based on the tendency of the 
chemical to adsorb (as indicated by the octanol-water partition coefficient, Kow) and 
to volatilize (as indicated by the Henry's Law constant, He), classes of toxic organics 
were grouped into categories which described their tendencies to reside in the air 
zone ("assimilated" by volatilization), the sediment zone (assimilated by adsorption 
and settling) and the water zone (soluble, no assimilation) of the lake. This concept 
is promising, despite the large number of assumptions made, because it suggests the 
relative importance of the assimilatory function, p, for large classes of compounds in 
different ecosystems. Because of the continual introduction of the new compounds 
into the environment and the need to rapidly establish the assimilation potential of 
various aquatic systems, any method which would allow this needs to be carefully 
considered.
Each aquatic system has physical, chemical and biological differences which 
determine the assimilation efficiency of organic pollutants. Chapra (1991) and 
O'Connor (1988a,b,c) have applied these basic concepts to the loading of 
contaminants in lakes, rivers, and streams. These ideas have not been applied to other 
systems, (e.g., wetlands) which may benefit from this type of analysis. Wetlands, 
transitional areas between aquatic and terrestrial environments, have been 
hypothesized to serve as sinks, filters, and buffer zones, protecting sensitive water 
bodies from contaminants (Mitsch and Gosselink, 1986). This hypothesis is based on 
several physical features of wetlands which may enhance pollutant removal. These 
include increased sediment/water contact due to shallow water depth, the reduction 
of water velocity when water enters the wetland resulting in the sedimentation of 
suspended solids, and the potential for contaminant burial in the sediments of rapidly
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accreting wetlands (Sather and Smith, 1984). Field studies have demonstrated mixed 
results for removal of contaminants by wetlands. For example, in a Michigan 
peatland receiving domestic wastewater, N assimilation was consistently high ranging 
from 61-80%. P assimilation, however, appeared to have a finite capacity, decreasing 
from 91% to -27% over a period of 5 years (Kadlec, 1983). Laboratory experiments 
have similarly demonstrated an upper limit on P assimilation (Richardson, 1985).
Recent interest in the assimilative capacity of wetlands has been influenced by 
the growing use of wetlands as wastewater treatment systems. Wetland systems 
have been proposed, and in many cases employed, to treat domestic, industrial and 
agricultural non-point source wastewater (Dunbabin and Bowmer, 1992; Peteijohn 
and Correl, 1984; Lowrance et al., 1984; Boyt et al., 1977; Hammar, 1992; Nichols, 
1983; Kadlec and Tilton, 1979). Despite the view of wetlands as complex "living 
systems", some fundamental engineering conceptualization must be developed to 
properly apply this alternative to real wastewater problems. Of particular interest is 
the question, 'What features of wetlands are responsible for the enhanced assimilation 
of contaminants?'. These characteristics can then be enhanced (or at least preserved) 
by engineering. While some understanding has been gained on the processing of 
nutrients (N and P) in wetland systems, few studies have examined the concepts 
behind the wetland treatment of toxics such as heavy metals and organics pollutants.
Little or no work has been done on the assimilation of toxic organics in 
wetlands even though the use of wetlands is widely promoted as an efficient 
"biofilter". In addition to the factors mentioned above, wetland features which may 
specifically enhance toxic organic assimilation include a high organic matter content 
(greater foc) of the substrate (soil or sediment) resulting in greater adsorption. Also, 
the diverse detrital population of microorganisms and the variety of substrate redox 
zones may result in enhanced biodegradation. On the other hand, other factors may 
inhibit the assimilation of organic contaminants including the enhanced
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concentrations of dissolved organic carbon (DOC) in wetland environments 
(Thurman, 1985). Wetlands have the highest concentrations of DOC of any aquatic 
environment due to the high plant productivity of these systems. There is growing 
evidence that colloidal organic carbon (usually estimated as DOC) can sorb organic 
contaminants, increasing their mobility in soil-water systems.
A key feature in evaluating the assimilation capacity of wetlands is the 
presence of this "third phase". Nearly all current water quality models consider only 
dissolved and particulate phases despite the growing literature showing the 
importance of DOC in sorption processes (Baker et al., 1986; Chiou et al., 1987). 
The production and export of DOC from wetlands has been widely documented 
(Mulholland and Kuenzler, 1979; Dalva and Moore, 1991) and undoubtedly affects 
the assimilation of toxic organics to some extent.
In this chapter, I will explore the application of the modelling framework 
presented by Chapra, O'Connor, and others to the wetland environment. The 
objective of this analysis is to identify the features or processes in wetlands that 
enhance or inhibit the assimilation of toxic organic contaminants. In this application, 
we consider the impact of a third phase, dissolved organic carbon, not previously 
considered in this modelling framework. A quantitative comparison between 
assimilation processes operating over different time scales will be performed and it is 
hoped that this discussion will provide some basis for planned engineering 
applications of wastewater treatment using wetlands.
System Component Budgets
As a first approximation (and for comparative purposes) the wetland system 
will be considered as a completely mixed reactor (CSTR). A CSTR model is used for 
those aquatic systems where dispersive transport dominates advective transport
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(Schnoor et al., 1987). It is obvious that wetlands could be identified with 
hydrology's that span a wide range of advective/dispersive conditions. Alterations to 
a wetland's hydrology for wastewater treatment processes may make an advective 
(plug-flow) model or an advective/dispersive (plug flow with dispersion) model more 
appropriate. The CSTR, however, is the simplest available to illustrate the concepts 
behind toxic organic assimilation in wetlands. Component budgets are similar to 
those presented earlier (Chapra, 1991; O'Connor, 1988a,b,c) but include a third 
phase, tentatively referred to as dissolved organic carbon (DOC). A schematic of the 
model is presented in Figure 6 .1.
Particulate solids budget
Particulate solids in wetlands originate from two distinct sources: the influx 
of organo-mineral sediment from upstream ecosystems and the autochthonous 
production of (primarily organic) plant material in these highly productive 
ecosystems. In this initial approximation the production of autochthonous plant 
material will be considered as a lumped parameter in the sediment bed, only. 
Removal of solids from the water column results from settling (sedimentation) and 
from export of solids from the wetland.
water column:
V(dm/dt) = Qmjn - Qm - vsAm + vumtjA (6.2)
where V is the volume of water (m3), m is the suspended solids concentration 
(g/m3), Q is the flow rate through the wetland (m3/year), mjn is the suspended solids 
input concentration (g/m3), vs is the solids settling velocity (m/year), A is the surface 
area (m2), vu is the sediment resuspension velocity (m/year), and mj, is the 
concentration of solids in the bed (g/m3).
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d(Vt,m|j)/dt = vsAm - vumbAb + U5 (6.3)
where V5 is the volume of the bed (m^), and U5 is a lump term describing the 
accumulation of decaying plant material in the bed (g/year).
DOC budget
A second budget is necessary to account for the import/export and 
production of colloidal organic material (DOC) in wetland ecosystems. The budget 
considers two sources of DOC to the water column, input from upstream ecosystems 
and diffusive flux of material from the sediment bed. Loss of DOC from the water 
column can occur only from diffusive flux to the sediment bed and by export from 
the system. Other processes may affect the material balance of DOC including 
adsorption/desorption on particulate solids, oxidation, and volatilization. These 
processes are poorly understood, however, and are not included here. It should be 
emphasized that this is a conservative estimate of DOC behavior in wetland 
ecosystems.
water column:
V[d(DOC)/dt] = QpOCin) - Q(DOC) + (DOC-DOCb<I>b)vdA (6-4)
where DOC = concentration of DOC in water column (g/rrv*), DOCjn = input 
concentration of DOC (g/m-*), DOCb is the concentration of DOC in the porewater 
of the bed (g/m-*), and v j is the sediment diffusion rate coefficient (m/year) .
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sediment bed:
VbO>b[d(DOCb)/dt] = VbkpDOCb + (DOC-DOCbOb)vdA (6.5)
where <3>b is the porosity of the bed and kp is the production/leaching rate of DOC in 
the bed (year'l).
Toxicant budget
The budget of the toxicant includes concentrations in three distinct phases, 
dissolved in water, associated with DOC, and sorbed to particulates.
water column:
VTdCy/dt] — Qqn - Qc^ - k^Vc^y - vvAf(jwcw - VgAfpWqv vuAcb%b
vdA(^dbcb - fdw°w) + vdA(^docbcb " ^docwcw) (6 6)
where is the total concentration of the toxicant in the water column (g/m3), c;n is 
the total input concentration of the toxicant (g/m3), kw is the decay rate of the 
toxicant in water (year 1), vv is the volatilization rate constant (m/year), cb is the 
total concentration of toxicant in the bed (g/m3), fdw is the fraction dissolved in the 
water column, fpW is the fraction in particulate form in the water column, fdocw 's 
the fraction associated with DOC in the water column, fdb is the dissolved fraction in 
the bed, fdocb *s fraction associated with DOC in the bed, fpb is the fraction in 
particulate form in the bed.
sediment bed:
VbEdct/dt] = vsAfpWcw - kbVbCb - vuAcb - vbAcb + vdA(fdw<\v - fdbCb) +
vdA(fdocw°w '  fdocbcb) (67)
102
where is the degradation rate of the toxicant in the bed (year*) and is the 
burial velocity in the bed (m/year).
Speciation
Central to equations 6.6 and 6.7 is the speciation of organic compounds in 
dissolved, DOC-associated and particulate fractions. Speciation of toxic organics in 
water soluble, DOC-associated, and particulate fractions requires knowledge of 
sorption processes in these various phases. In a two-phase system (e.g., water- 
soluble and particulate phases, only) sorption of toxicants is most simply described as 
a linear process:
Cp =  K p C w  (6 .8 )
where Cp is the concentration of the toxicant on the particulate (g/g), Cw is the 
concentration of the toxicant in water (g/m^) and Kp is the partition coefficient 
between particulates and water (m^/g). When water and DOC are the only phases, 
sorption can be described as:
Cdoc =  Kdoc^w (6-9)
where Cjoc 15 the concentration of the toxicant associated with dissolved organic 
carbon (g/g), and Kdoc is the partition coefficient between dissolved organic carbon 
and water (nvVg). In practice, it is difficult to resolve all three phases in any one 
field sample. Field and laboratory speciation measurements often determine only an 
"observed" partition coefficient, that separates particulate bound organics from the 
other two phases. From eq. 6.8 and 6.9 it can be shown that this observed partition 
coefficient is equivalent to:
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Kp-obs Kp/(1 + KdocCdoc) (6-10)
where Kp.0bs is the observed partition coefficient (m^/g).
These sorption relationships can be used to derive the basic speciation 
equations necessary for the solution of the equations for the toxicant in the water 
column and the bed. Since fp + fdoc+ *d = 1> water column and the bed,
fj = C*/CT = l/{ 1 + Kpm + KdocDOC} (6 .11)
fdoc = C#doc/CT = l/{ 1 + (l/KdocDOC) + (Kpm/KdocDOC)} (6.12)
fp = C*p/CT = l/{ 1 + (1/Kpm) + (KdocDOC/Kpin)} (6.13)
where C*, C*doc,and C*p are the concentrations of contaminants in dissolved, 
DOC-associated, and particulate form in the total system (g/nv* of the total system). 
Cp is the total concentration of toxicant (g/m-* of the total system) and is equal to C* 
+ C*doc + C*p. These terms can be related to the concentration in the individual 
phases by the following equations:
C = C*/aw (6.14)
Cdoc = C*doc/DC>C (6.15)
Cp = C*p/m (6.16)
where a w is the volume of the aqueous phase/total system volume.
The partition coefficients, Kp and Kdoc ^  often normalized to the organic 
carbon content of the particulate and colloidal matter, respectively as:
Kp = fOCKoc (6-lV)
104
K-doc Ooc,colloid)Koc (6-18)
where foc is the fraction of organic carbon in the particulate matter, foe,colloid *s the 
fraction of organic carbon in the colloidal matter, and Koc is the normalized organic 
carbon partition coefficient (m^/g). In this case, we are measuring colloidal organic 
carbon as DOC, therefore foc,colloid ~ * ant* Kdoc = Koc- The terms Kp and Kdoc 
(and therefore, Koc) correlate well with the octanol-water partition coefficient of a 
chemical, Kow. A number of empirical relationships have been developed that relate 
Koc and Kow (Table 6.1). These relationships will allow simplification of the 
speciation equations to functions of m, DOC, and Kow, alone.
Table 6.1. Empirical relationships between Kow and Koc.
Equation * (name) Reference
log Koc = 0.72(log Kow) + 0.49 (Schwartzenbach) Schwartzenbach and Westall, 1981.
log Koc = log Kow - 0.21 (Karickhoff) Karickhoff et al., 1979
log Koc = 0.524(log Kow) + 0.855 (Briggs) Lyman et al., 1982
log Koc = 0.544(log Kow) + 1.365 (Kenaga and Goring) Lyman et al., 1982
* units of Koc in equations above are L/kg. Conversion to m^/g -  L/kg x 10'^.
Prominent in these equations (6 .11, 6.12, 6.13) are two groups of terms that 
are dimensionless when multiplied together, Kpin and K(jocDOC. Chapra (1991) has 
used the combined term, Kpm, to classify the relative sorption potential of 
contaminants in lakes. The term KdocDOC is significant because it describes the 
tendency of colloidal material (i.e., DOC) to control the sorption of a compound in a 
given aquatic system. A recent analysis (Pankow and McKenzie, 1991) has shown 
that when Kdoc^OC >: 10^ the partition coefficient Kp becomes independent of the
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chemical properties (e.g., Kow) of the compound. This phenomena has been 
observed in the field, particularly with polychlorinated biphenyls (PCBs) which have 
a high Kjoc (Baker et al., 1986; Brownawell and Farrington, 1985). The significance 
of this phenomena in wetlands will be discussed later, but the high DOC 
concentrations present in these aquatic systems suggests it may be important to 
assimilation processes.
Solution of Assimilation Equation
From mass-balance considerations the solution of equations 6.6 and 6.7 is 
straight-forward if we assume the system has reached steady state. After dividing 
through by A the solution for p is:
P = + ^wzw + vv*dw + (1 ■ ®-)(vs^pw + vd^w  + vd^docw))} ( -̂ 19)
where q is the hydraulic loading rate (m/year), R is a ratio representing the tendency 
of a contaminant to "recycle" back to the water column and ^  is the depth of the 
water column (m). The recycle ratio, R, is given by:
R = [vu + vdfdb + vd%ocb]^[^bzb + vu + vdfdb + vdfdocb + vbl (6-20)
where zb is the depth of the sediment bed (m). The recycle ratio varies between 0 (no 
recycle) to 1 (complete recycle) depending on the relative magnitude of those 
processes serving to return contaminants to the water column (scour and diffusive 
flux) to those processes serving to retain contaminants in the bed (burial and 
degradation).
The assumption of steady state must be examined carefully, particularly when 
applying these equations to wetland systems with varying hydrology. The time
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required to reach steady state can be determined by simultaneously solving equations 
6.6 and 6.7. This analysis is presented separately in Appendix C. In wetland systems 
where the assumption of steady state cannot be supported, kinetic, time-variable 
equations must be used to describe contaminant assimilation.
Effect of DOC on Assimilation Processes
The present assimilation model has been constructed emphasizing the 
importance of a DOC phase. At present, an analysis of how DOC has the potential to 
affect separate processes contained in the model will be performed. The presence of 
a colloidal, "third" phase has the potential to affect assimilation processes in different 
ways. Although, sufficient data is not available to completely establish the role of 
colloidal materials on transport of organic compounds some general conclusion can 
be drawn. In general, the presence of dissolved organic carbon will decrease the 
fraction of some organic compounds that are bound to the particulate settleable 
fraction while also decreasing the true dissolved fraction that can be volatilized. As 
seen in equations 6.11-6.13, the speciation will ultimately be determined by four 
parameters, the concentration of particulate solids (m) and dissolved organic carbon 
(DOC) and the partition coefficients (Kp and K<j0c)- The specific effects are 
discussed below.
Volatilization
Volatilization processes can be described by a variety of models (two-film, 
etc.) but always involve the transfer from water to air of the dissolved concentration, 
(fdwCw)) only. Therefore, if all other parameters (wind speed, etc.) are independent 
and remain constant, a decrease in the true dissolved fraction will result in a decrease
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in the volatilization mass transfer, Vyf^. The decrease in the dissolved fraction as 
the DOC concentration increases can be plotted using equation 11 (Figure 6.2). A 
similar graph can be plotted for the fraction associated with DOC (Figure 6.3). Two 
assumptions are made in the development of these figures, a), sorption processes are 
at equilibrium and b). the partition coefficients Kp and K(joc can be estimated from 
Karickhoffs empirical relationship (Karickhoff et al., 1979), K^ or K(joc = 6.17 x 10" 
7focKow, where foc is the fraction of organic carbon 0—>1 and Kow is the octanol- 
water partition coefficient. For the purposes of this discussion, foc of the particulates 
is assumed to be 0.25 and the foc of the DOC fraction = 1. Figures 6.2 and 6.3 
demonstrate several important concepts. Organic compounds with small octanol- 
water partition coefficients (log Kow < 2.5) are unaffected by the presence of DOC 
and are essentially 100% in dissolved form. Regardless of the DOC concentration, 
organic compounds with Kow> 8 are essentially all in non-dissolved (particulate or 
DOC-bound) forms. The importance of DOC concentration is apparent for organic 
compounds with log Kow's between 2.5 and 8. In this range all three species 
(dissolved, particulate and DOC-bound) coexist and concentrations of DOC can 
determine whether a significant dissolved fraction exists.
Of the 114 organics on the list of priority pollutants 43 have log Kow's below
2.5, only 2 have log Kow's greater than 8. Most of the pollutants lie between this 
range in the region where DOC can be important in speciation. This suggests that for 
many organics volatilization may not be an important transfer mechanism in high 
DOC wetlands. In addition to a decrease in the true dissolved fraction in the 
overlying floodwater, heavily vegetated wetlands would have a much reduced wind 
velocity over the floodwater surface.
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Sediment-water exchange
High concentrations of DOC in wetland floodwater and sediment pore water 
will also affect the exchange of organics between the water column and the bed. 
Diffusive exchange between the water column and the bed can occur with both the 
dissolved and the DOC-associated fractions. Therefore, high concentrations of DOC 
can accelerate rates of sediment-water exchange for compounds with a significant 
colloidal fraction. Quantitatively sediment-water exchange can be examined using 
equation 6.20, the recycle ratio, R. This ratio is the quotient of the processes which 
return toxic organics to the water column and the total processes acting on the toxic 
organic in the sediment bed. The effect of DOC can be seen more clearly if we 
rewrite equation 6,20 initially ignoring the degradation of the compound in the bed 
(kb = 0) and the scour of the bed particles (vu = 0). Scour is expected to be 
negligible in low water velocity, rapidly accreting wetlands. Therefore, R reduces to;
R = tvdfdb + vdfdocbMvdfdb + vdfdocb + ^b\ (6-21)
As R increases, the "recycling" of the compound from the bed to the water column 
becomes important. From equation 6.21 it can be seen that R will become large when 
the diffusive exchange terms (vjf^b + vjfdoeb) dominates burial from sedimentation 
and accretion (vb). The relationship between these factors can be best visualized 
using a sensitivity analysis of the terms in the recycle ratio. This analysis will contrast 
three organics, representative of larger classes of compounds: hexachlorobenzene 
(log Kow = 6.41), an insoluble chlorinated hydrocarbon; naphthalene (log Kow = 
3.29), a moderately soluble polycyclic aromatic hydrocarbon; and 1,2-dichloroethane 
(log Kow = 1.48), a soluble volatile chlorinated hydrocarbon.
The sensitivity of the recycle ratio, R, to values of vb, vj, and the sediment 
bed DOC concentration is presented in Figure 6.4. Typical values of the sediment
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Figure 6.4. Sensitivity of the recycle ratio, R, to concentration of DOC in the bed, 
to the mass-transfer diffusion coefficient, v^, and the sedimentation 
rate, vjj. Constant values wereDOC=30 g/m-/ DOCb=60 g/nP, v^=1.0 
m/year, v j  = 91.25 m/year, and mb=Q.l4 x 10^ g/m^.
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burial coefficient can be estimated from sedimentation rates derived from l 3?Cs 
dating (DeLaune) and range from 0-1.5 cm/year (0 - 4.1 x 10“  ̂ m/day) in accreting 
wetlands. Concentrations of DOC in the sediment bed range essentially zero in sandy 
bed sediments to over 100 g/m3 in highly organic wetland sediments. Criteria for 
estimating the mass transfer diffusion coefficient, vd, have been presented by 
O'Connor (1988a) and include the equation for vd for hydraulically smooth surfaces 
as:
U*/vd = (T0Sc2/3)/k^ 3 (6.22)
where U* is the shear velocity (cm/s), r o is equal to (U*<3/u) (the dimensional 
thickness of the viscous sublayer), d is the thickness of the viscous sublayer, o is the 
kinematic viscosity of the water (cm2/sec), Sc is the Schmitt number = u/D, k  = von 
Karman constant, and D is the molecular diffusion coefficient (cm2/sec). O'Connor 
has suggested that vd range from 0.05-0.5 m/day (18.25-182.5 m/year) based on 
knowledge of the magnitudes of the parameters above in aquatic systems.
The sensitivity analysis was performed using v^ = 0.01 m/year, DOCj, = 60 
g/m3, and vd = 91.25 m/yr as constant values and varying each parameter over the 
ranges given above. As seen in Figure 6.4, the recycle ratio, R, was effectively 1 
(complete recycle from the sediments) for naphthalene and 1,2-DCE, regardless of 
the values of vt,, DOC^, and vd. For HCB, R was affected primarily by the 
concentration of dissolved organic carbon in the bed and, to a lesser extent, the 
diffusive transfer coefficient, vd. Little effect was seen by the accretion rate, vjj. This 
is important since the "burial" of toxicants in rapidly accreting wetlands has been 
hypothesized as a key assimilation process.
Without considering degradation reactions, assimilation in the sediment bed 
was important only for those insoluble (high Kow) organics such as HCB which sorb
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strongly to particles. For these compounds recycle back to the water column was 
strongly dependent on concentrations of DOC in the bed, increasing DOC resulted in 
increased recycle to the water column and decreased assimilation. For these 
compounds wetlands with high concentrations of DOC in the bed may have lower 
assimilation than other aquatic systems.
Overall effect of DOC on p
Some conclusions can be drawn on the overall effect of DOC on the 
assimilation function, p. Taking equation 6.19 we can rewrite the equation in terms 
of the hydrological and non-hydrological parameters (as in Chapra, 1991):
p = q /q + vt (6.23)
where vt is the sum of the physical, chemical, and biological assimilatory processes 
separate from flushing (m/year) and q is the hydraulic loading rate. In this case:
vt = vv^dw + (1 “ R)(Vgfpw vd*dw vd*docw) -̂wzw (6-24)
where the assimilation processes include, volatilization, sedimentation of particulate 
bound organics, diffusive exchange of dissolved and DOC-associated organics, and 
reactions such as bio degradation in the bed and the water column. This 
rearrangement of terms in P allows us to consider the hydrological terms (which are 
generally under engineering control) separately from the individual assimilation 
processes which may not be under engineering control.
The potential effect of DOC on volatilization and sediment-water exchange 
has been discussed above. It would be useful to examine how dissolved organic 
carbon affects the overall assimilation expressed as the term, v̂ . A sensitivity analysis
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for the overall effect of DOC and DOC5 on vj was performed and is presented in 
Figure 6.5. Again, the degradation (reaction) terms kw and kfo are assumed to be 
zero for the present analysis.
Small amounts of dissolved organic carbon in the water column had a 
significant effect on v̂  for HCB. This decrease in assimilation is due to a decrease in 
volatilization and an increase in the recycle of the contaminants from the sediment 
bed. The overall effect is a decrease in assimilation of HCB. At DOC concentrations 
above 10 g/nr* little further effect was seen because at this concentration nearly all of 
the HCB is associated with the colloidal DOC material. DOC had no observable 
effect on v̂  for 1,2-DCE because, even at high concentrations of colloidal material, 
nearly all of the compound is in the true dissolved phase. Naphthalene is an 
intermediate case, some decrease in vt is seen as DOC increases yet the total effect is 
less than 10% at the maximum DOC concentration expected. Total assimilation is 
much higher for naphthalene and 1,2-DCE than for HCB. Assimilation of 
naphthalene and 1,2-DCE are controlled by volatilization, which is driven by the true 
dissolved fraction. Assimilation of HCB is controlled by levels of dissolved organic 
carbon and the recycle from the sediment bed.
A similar effect was seen for concentrations of dissolved organic carbon in 
the sediment bed. Small amounts of DOC decrease the assimilation of HCB but 
naphthalene and 1,2-DCE are unaffected. Higher concentrations of DOC in the bed 
increase the recycle of contaminants by increasing the fraction associated with DOC. 
Relatively soluble contaminants, like 1,2-DCE and naphthalene, are unaffected by 




























Figure 6.5. Sensitivity of total assimilation function, to DOC and DOC5.
Constant values were DOC=30 g /m / DOCb=60 g/m / vb=1.0 cm/year, 
vd = 91.25 m/year, vs=50.4 m/year, m=5 g /m / and m(j=0.14 x 10® 
g/m3.
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Importance of the Reaction Parameters
The analysis presented above has initially ignored biological and chemical 
reactions specified by the reaction terms, kjj and kw, in the sediment bed and water 
column, respectively. Therefore, values of the assimilation function, P, represent an 
upper bound and will be lower (greater assimilation) when the degradation terms are 
significant. Ignoring these reactions is convenient because there is no unifying theory 
relating reaction rates to physical properties or structures of contaminants. However, 
degradation reactions of toxic organics in wetlands are numerous and complex and 
include abiotic and biotic-mediated reactions such as hydrolysis, mineralization, 
reductive dehalogenation, N-dealkylation, photolysis, etc. Predicting degradation 
rates with a model is difficult because reactions are very compound-specific and are 
highly dependent on environmental conditions present in the system.
A sensitivity analysis was performed to assess the importance of the 
degradation rate to the overall removal rate, vt. Separate analyses were performed 
for the reaction parameter in the water column and in the sediment bed. Certain 
reactions, especially biologically-mediated degradation reaction occur at much faster 
rates in the sediment bed due to the increased biomass. Other reactions, such as 
photolysis and other abiotic reactions may occur exclusively in the water column.
Sensitivity of the recycle ratio, R, and the overall assimilation rate (v*) to the 
reaction rate in the bed, k(j, is presented in Figure 6.6 and 6.7. In Figure 6.6, the 
effect of a slow degradation rate, k^ = 0-5.0 year"! is examined. In Figure 6.7, 
sensitivity to kjj is examined over a wider range of possible rates (0-100.0 year"l). 
As can be seen in Figure 6 .6, even a slow degradation rate for HCB has a large effect 
on R (decreases R), and therefore, a large effect of vt (increases vt). Assimilation of
1,2-DCE was insensitive to reaction in the bed since little of the compound will 
partition to the sediments. Assimilation of naphthalene, again, was an intermediate
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Figure 6.6. Sensitivity of recycle ratio, R, and the total assimilation function, to 
a slow reaction (degradation) rate in the bed. Constant values were 
DOC=30 g/m3. DOC(,=60 g/m3, vb=1.0 cm/year, v j = 91.25 m/year, 
vs=50.4 m/year, kw=0 year1, m=5 g/m3, and mt,=0.14 x 106 g/m3.
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Figure 6.7. Sensitivity of recycle ratio, R, and the total assimilation function, v̂ , to 
a fast reaction (degradation) rate in the bed. Constant values were 
DOC=30 g/m3. DOCjj=60 g/m3, vb=1.0 cm/year, v^ = 91.25 m/year, 
vs=50.4 m/year, kw=0 year-!, m=5 g/m3, and 01^=0.14 x 10^ g/m3.
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case, R decreased by 20% when k{> = 5.0 year-* yet the overall assimilation, vt, 
increased by less than 10%.
In Figure 6.7, the sensitivity to a wider range of reaction rates is seen (k^ 
ranging from 0-100.0 year“l). For HCB, little further effect on R and subsequently 
on v̂  is seen when kjj exceeds around 10 year"l. Recycle of HCB approaches 0 as kjj 
exceeds 10 and therefore, a larger degradation rate in the bed has little further effect.
1,2-DCE is again relatively insensitive to degradation in the bed. Even at a high 
reaction rate, approaching 100 year-!, v̂  is unaffected. Naphthalene is more sensitive 
to a high reaction rate with R decreasing 80% as kj, approaches 100 year" 1. Overall 
assimilation (v^) is also enhanced and, more importantly, reaction (degradation) 
becomes as important an assimilation process as volatilization.
The effect of reaction in the sediment bed appears to be greatly different for 
these three example compounds. Assimilation of HCB can be greatly enhanced (by 
an order of magnitude) with only a small degradation rate in the bed. Naphthalene 
assimilation can be enhanced if kjj is large, yet assimilation of water-soluble 
compounds such as 1,2-DCE is not affected, even by very large reaction rates in the 
bed.
The effect of reaction in the water column, kw, is presented in Figure 6 .8, 
The effect of reaction in the water column on v̂  is a simple linear function. The 
increase in assimilation for these three compounds only becomes significant at very 
high reaction rates (greater than 40-50 yr'l). This relatively small effect is due to the 
shallow water depth in wetlands (here assumed to be 0.5 m). In deeper lakes where 
the depths approach tens of meters the reaction terms in the water column can 
become predominant.
The relative importance of the reaction or degradation rates has been 
demonstrated for several compounds in the sensitivity analysis above. There is 
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Figure 6.8. Sensitivity of the total assimilation function, vp to reaction
(degradation) rate in the water column. Constant values were DOC-30 
g/m3. DOC|j=60 g/m3, vjj=1.0 cm/year, v^ = 91.25 m/year, vs=50.4 
m/year, kb=0 year1, m=5 g/m3, and mb=0.14 x IO6 g/m3.
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Highly productive wetland systems support large amounts of detrital bacteria across 
a wide redox gradient in the substrate. Anaerobic and aerobic zones coexist that may 
promote a wider variety of degrading organisms. The presence of fulvic acids, a 
component of DOC has been shown to accelerate hydrolysis of atrazine (Khan, 
1978). Levels of dissolved organic carbon may have an equally large effect on the 
biodegradation rate in the water column and the sediment bed. Availability of easily 
degradable carbon compounds was shown to affect biodegradation of substituted 
phenols in a mesotrophic lake (Shimp and Pfaender, 1985). Levels of DOC were the 
limiting factor controlling microbial growth in a mesotrophic bog (Batomalaque et 
al., 1992).
It is doubtful that any general conclusion can be drawn concerning reaction 
rates of organic compounds in wetlands for all organic compounds. This analysis has 
shown that for some hydrophobic compounds such as HCB only small reaction 
(degradation) rates in the sediment bed are necessary to dramatically affect 
assimilation. For many other priority pollutants, particularly the volatiles such as 1,2- 
DCE, only a large degradation rate in the water column has any overall affect on 
assimilation. In the presence of high concentrations of DOC in wetlands, assimilation 
of some hydrophobic organics, such as HCB, may be strongly dependent on reaction.
Benefit of Wetland Assimilation
The physical, chemical, and biological assimilation of toxic organics in 
wetlands has been discussed above but it is unclear if wetlands possess any superior 
advantage over other aquatic ecosystems. In terms of the model, Is assimilation 
greater (smaller assimilation function, P) for wetlands? Equation 6.18 separates p 
into two components, the hydraulic overflow rate, q, and the overall assimilation 
rate, v̂ , which encompasses the physical, chemical, and biological processes which
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serve to remove the toxic organic from the water column. In this model the 
parameter vj consists of four processes: volatilization, diffusive flux between the 
water column and the bed, settling, and reaction (e.g., biodegradation) in the water 
column and the bed. The analysis presented previously suggests that DOC may 
inhibit assimilation of organics in wetlands (particularly high Kow organics) by 
decreasing the fraction associated with particulates, inhibiting volatilization, and 
increasing the diffusive flux (recycle) from the sediment to the water column. 
Therefore, without considering potential reactions of toxics, this analysis suggests 
that from a non-hydrological perspective, wetlands may be less efficient at 
assimilating certain organics due to this DOC phase.
Sensitivity analysis of the model indicates that reaction in the bed (for high 
Kow organics) and reaction in the water column (for intermediate Kow organics) can 
increase assimilation significantly. Thus, it appears that increased wetland 
assimilation of organics depends on a faster reaction rate (or combinations of 
reactions). General reasons why rates of reaction of organic contaminants may be 
higher in wetland systems have been discussed above. However, it is likely that 
estimates of reaction rates will depend on site- and compound-specific investigation 
to determine assimilation efficiency.
Although the emphasis in the discussion above has been on the components 
of total assimilation, v*, the value of P depends on the relationship between the 
loading rate, q, and v̂ . Assimilation is high only when Vt»q. For example, for 90% 
removal of a contaminant, vt = 9q. In engineered wetland systems it would be 
possible to modify q to meet the treatment criteria. A low assimilation function, 
however, would increase the size of the wetland necessary to meet a treatment goal.
Unfortunately, validation of this assimilation model is not yet possible due to 
the lack of field data for organic contaminants in wetland systems. Calibration of the 
terms in the model can be performed using data derived earlier in this dissertation for
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HCB and naphthalene. Application of this model to two wetland types, a mineral- 
dominated bottomland hardwood wetland and an organic matter-dominated 
freshwater marsh wetland is presented below.
Application to Freshwater Marsh and Bottomland Hardwood Wetlands
Application of this conceptual model to actual wetlands may assist in 
identifying the critical parameters or features that promote enhanced assimilation of 
organic contaminants. Knowledge of what controls assimilation is important for two 
separate cases: 1). the design and use of constructed wetlands to treat non-point 
source (NPS) run-off (e.g., agricultural pesticide) or point source wastewater 
treatment and 2). understanding how natural wetlands perform water quality 
functions in the overall landscape. A crucial question for both of these cases is, 
Which wetlands are efficient assimilators of toxic organics, and which are not? 
Previous studies described in this dissertation have investigated aspects of some 
individual processes in two distinct wetlands: a forested bottomland hardwood 
wetland with a mineral-dominated substrate and a freshwater marsh wetland with an 
organic matter dominated substrate. Values of some of the key parameters are 
calculated below for these two wetlands. A summary of this data is presented in 
Table 6.2. Compound-specific parameters are presented in Table 6.3. Many of these 
constants have been measured, a few estimated using accepted techniques.
vjj : ("burial" coefficient or sedimentation rate). Estimated using 13?Cs dating 
technique. Sectioned core analyzed for ^ 7 c s using a Ge-Li detector interfaced to a 
multichannel amplifier. Section of maximum concentration corresponds to
year 1963, the date of maximum fall-out from atmospheric testing (DeLaune et al., 
1978).
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Table 6.2. Model parameters for bottomland hardwood site (Spring Bayou) and 
freshwater marsh site (Lake des Allemands)
Parameter Bottomland Freshwater Measurement/
Hardwood Marsh estimation method
Vb 0.18 cm/yr 0.66 cm/yr 137Cs dating
(1.8 x 10-3 m/yr) (6.6 x 10"3 m/yr)
vs 100.0 m/year 100.0 m/year Stoke's Law
vd 50.0 m/year 64.6 m/year equation 22
mb 0.85 x 10® g/m3 0.14 x 10® g/m3 gravimetric
m 10-156 g/m3 5 g/m3 gravimetric
DOC 7.2-24 g/m3 21-80 g/m3 330 nm absorbance
DOCb 12.4-28.5 g/m3 10.5-245 g/m3 330 nm absorbance
D 2.76 cm^/day 4.04 cm^/day 3H2 0  reservoir
method
P 0.850 g/cm3 0.14 g/cm3 gravimetric
e 0.60 0.82 gravimetric
Table 6.3. Compound specific assimilation parameters for HCB and naphthalene 
in studied wetlands.
Hexachlorobenzene
Parameter Bottomland Hardwood Freshwater Marsh
Kdoc (m3/g) 10-1*62 10-1*62
Kp (m3/g) 10-2.28 10-2.31
vv (m/yr) 110 110
kh (year"1) 4.95 9.78
Naphthalene
Parameter Bottomland Hardwood Freshwater Marsh
Kdoc (m3/g) 10-2.73 10-2.60
Kp (m3/g) 10-4.29 10-3*77
vv (m/yr) 150 150
kh (year'1) 39.8 44.9
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Calculated sedimentation rates; bottomland hardwood, 0.18 cm/yr; freshwater marsh,
0.66 cm/yr.
V(j : (sediment diffusion mass transfer coefficient). Estimated from equation 
6.22: U*/vd = (FoSc^yKl/3^ where D, the molecular diffusion coefficient was 
estimated in sediment cores from the sites using reservoir method (Van Rees
et al., 1991); v, the kinematic viscosity (20°C) = 1.0105 x 10'2 cm^/sec; U*, the 
shear velocity estimated as 0.10 cm/sec (suggested shear velocity for low turbulent 
freshwater water bodies; O'Connor, 1988a); r 0 , estimated as 10 from the shear 
velocity given above (O'Connor, D.J., 1984); k = Von Karman's constant = 0.4. 
Calculated mass transfer coefficients: bottomland hardwood = 50.00 m/year; 
freshwater marsh = 64.56 m/year.
vv: (volatilization mass transfer coefficient). Estimated using Whitman's two- 
film model as in Chapra (1991).
vv = KjHe / [He + RTa(K!/Kg)] (6.25) 
where K[ and Kg are the liquid-phase and gas-phase mass transfer coefficients 
(m/year), R is the universal gas constant (8.206 x 10“̂  atm m^/°K mole), Ta is the 
absolute temperature (°K) and He is the Henry's constant (atm m^/mole). Mass- 
transfer coefficients have been correlated with the oxygen mass transfer coefficient, 
which can be estimated from the wind speed above the water surface and the 
molecular weight of the compound (Mills et al., 1982). Chapra (1991) has prepared 
a graph relating vv to He at several wind speeds and molecular weights. For a wind 
speed of 5 mph, and Henry's Law constants of 6.50 x 10*4 and 4.60 x 10"4, for 
hexachlorobenzene and naphthalene, respectively, the volatilization mass transfer 
coefficients are: 110 m/year for hexachlorobenzene and 150 m/year for naphthalene.
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Vyi (sediment settling velocity): Estimated using nomographs prepared from 
Stoke's Law (Bhargava and Rajagopal, 1992). Stoke's law parameters estimated as: 
kinematic velocity at 20°C (1.0105 x 10'^), specific gravity of sediment particles =
1.05, average particle diameter«10"5 m. No distinction is made between properties 
of incoming sediment in bottomland hardwood or freshwater marsh. Calculated 
settling velocities for bottomland hardwood and freshwater marsh wetlands are: 100 
m/year.
DOC and DOC}}'. (Dissolved organic carbon in the water column and the 
sediment bed). Estimated using the method of Moore (1985) by measurement of 
absorbance at 330 nm. Soil cores and floodwater samples were removed at several 
times during the year. DOC was measured directly in floodwater samples. Cores 
were sectioned and porewater extracted using centrifugation. DOC was measured on 
diluted porewater aliquots. DOC concentrations averaged from 7.2-24 g/m^ at the 
bottomland hardwood site and from 21-80 g/nv* at the freshwater marsh site. DOC5 
concentrations ranged from 12.4-28.5 g/m-* at the bottomland hardwood and ranged 
from 10.5 - 245 g/nv* for the freshwater marsh.
m, mjj ,p, &. (Solids concentration in the water column and the bed, bulk density, and 
volumetric water content of the bed, respectively). Suspended solids in the 
floodwater were determined several time during the year by filtration through a 
glass-fiber filter and gravimetric determination of the solids. The concentration of 
solids in the bed, bulk density, and the volumetric water content were determined by 
drying and gravimetric determination of known volumes (sections) of field cores 
from both sites. Calculated properties for the bottomland hardwood are: m = 10-156
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g/nv*, mb = 0.85x10® g/m-*, p = 0.85 g/cm^, 0 = 0.60. Calculated properties for the 
freshwater marsh are: m = 5 g/m-*, m(j = 0.14x10® g/m^, p = 0.14 g/cm^, 0 = 0.82.
Krfoc’' (Partition coefficient between DOC and water). Floodwater containing DOC 
sampled from both wetland sites. DOC was isolated by high-speed centrifugation. 
Partitioning between DOC and water for naphthalene was determined using an 
equilibrium dialysis technique (McCarthy and Jimenez, 1985). Partitioning between 
DOC and water for HCB was determined using an equilibrium gas purging approach 
(Hassett and Milicic, 1985). Calculated partition coefficient for HCB: 10“* ®2 nP/g 
for both bottomland hardwood and freshwater marsh. Calculated partition coefficient 
for naphthalene: 10' 2-73 m^/g for the bottomland hardwood and 10"2 ®0 m3/g for 
the freshwater marsh.
Kp. (partition coefficient between the particulate fraction and water). Estimated from 
sorption isotherms constructed using soil suspensions from both wetland sites. Data 
fitted to a linear isotherm, P = Kp_0bsC, where P is the particulate concentration 
(g/kg), C is the soluble concentration (g/m^, "true" dissolved + DOC-associated), 
and Kp_0bs (m-Vg) is the "observed" partition coefficient. Data corrected to a true 
partition coefficient using: Kp_0bs = Kp(l/(DOC * K(foc)), using K^oc as measured 
earlier. Calculated partition coefficients for HCB: 10“2-28 for bottomland hardwood 
and 10-2-31 for freshwater marsh. Calculated partition coefficients for naphthalene: 
10-4.29 for bottomland hardwood and 10^  -77 for freshwater marsh.
kffi (Degradation rate of chemical in the bed). Estimated from chemical 
disappearance (after lag time) in batch studies using soil from both wetland types. 
Degradation data fit to first-order disappearance model (c = (foe-^  where c is the 
chemical concentration, cQ is the initial chemical concentration, and t is time). Initial
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concentration for both chemicals: 10 mg/kg. Calculated reaction rates for 
hexachlorobenzene: bottomland hardwood = 4.95 year-*, freshwater marsh = 9.78 
year-*. Calculated reaction rates for naphthalene: bottomland hardwood = 39.8 
year- !, freshwater marsh = 44.9 year'*.
These parameters can be used to calculate vj, the total assimilation function 
for HCB and naphthalene in each wetland. Values for for HCB are presented in 
Table 6.4. The total assimilation function is broken down into contributions from 
each assimilation process. In this calculation the scour coefficient, vu, and the 
reaction of the organics in the water column, kw, are assumed to be zero. Scour is 
probably negligible in accreting wetlands and biodegradation in the water column for 
HCB and naphthalene would be expected to be very slow. Average concentrations of 
m, DOC, and DOCf, were used: bottomland hardwood (50 g/m^,10 g/nv*, 25 g/m*, 
respectively), freshwater marsh (5 g/m-*, 40 g/m*, 100 g/m-*, respectively).
The model predicts high assimilation of HCB in the two wetland types (> 100 
m/year when degradation conditions are favorable). Assimilation was greater (by 
25%) in the mineral-dominated bottomland hardwood as compared to the organic- 
matter dominated freshwater marsh wetland. This contradicts the idea that wetlands 
with high substrate organic carbon (high foc) are superior for the removal of organic 
compounds. This conceptual model quantifies the effect of a large DOC 
concentration in the freshwater marsh and the overall decrease in assimilation that 
results. Greater assimilation is predicted in the mineral-dominated bottomland 
hardwood wetland despite its lower foc and lower accretion rate. These 
characteristics do not appear to be critical for assessing the capacity of wetlands to 
remove organic pollutants.
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The effect of favorable conditions for biodegradation in the wetland substrate 
are also quantified in Table 6.4. When degradation is not feasible, due to presence of 
unfavorable environmental conditions, total assimilation drops 67% in the 
bottomland hardwood wetland and 84% in the freshwater marsh wetland. This 
emphasized a result of the earlier sensitivity analysis, that assimilation of hydrophobic 
organics such as HCB is dependent on degradation in the sediment bed.
High assimilation rates were also predicted for naphthalene in both wetland 
types (Table 6.5). Again, assimilation was greater in the bottomland hardwood, but 
only slightly (7% greater). A slightly lower fraction of naphthalene was predicted in 
the true dissolved phase in the freshwater marsh. This decreases the amount of the 
chemical subject to volatilization, the primary assimilation process for naphthalene. 
When degradation in the bed is not possible, assimilation was reduced by 26% and 
28% in the bottomland hardwood and freshwater marsh, respectively. More soluble 
compounds, like naphthalene, are less sensitive to degradation of the compound in 
the bed, which was demonstrated earlier in the sensitivity analysis.
Calibration of the assimilation model to data from actual wetlands sheds some 
light on the type of wetland most efficient at assimilating organic contaminants. 
Mineral-dominated forested wetlands, such as bottomland hardwood forests, appear 
to have equal, if not greater, ability to assimilate organic pollutants. Highly organic 
wetlands, such as marshes, are often characterized as efficient filters of organic 
contaminants because of their highly organic substrates. The effect of high levels of 
DOC in these highly organic wetland, as quantified here, appears to inhibit this 
process, especially for hydrophobic organics such as HCB. The importance of 
volatilization has also been demonstrated. Quantifying the mass transfer coefficient, 
vv, in a variety of wetland types should be an area of active research. Understanding, 
also, the removal efficiency of DOC-associated organic contaminants is also critical.
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A conceptual assimilation model has been developed for wetlands, Material 
budgets for solids, dissolved organic carbon, and organic contaminants in the water 
column and the bed were developed and the assimilation equation, c = |3cjn, solved at 
steady state. Dissolved organic carbon was seen to have a strong influence on 
volatilization and sediment-water exchange of hydrophobic (high Kow) organic 
contaminants. The quantitative importance of reaction (degradation) was also 
determined during sensitivity analyses.
Assimilation of hydrophobic organics (high Kow) is highly sensitive to 
reaction in the bed and DOC concentrations (in the water column and the bed) but is 
only slightly sensitive to the sedimentation rate and the magnitude of the diffusive 
flux coefficient. Assimilation of soluble organics (low Kow) is sensitive only to the 
value of the volatilization mass transfer coefficient. Organics of moderate Kow, e.g., 
naphthalene, are highly sensitive to the volatilization mass transfer coefficient and 
somewhat sensitive to the reaction rate in the bed and the concentration of DOC in 
the water column.
Calibration of the model with data from real wetlands with varying 
characteristics indicated the potential for high assimilation of both HCB and 
naphthalene. Contrary to popular belief, mineral-dominated wetlands, e.g., 
bottomland hardwood forests, were predicted to have higher assimilation rates of 
these compounds, despite a lower foe of the substrate and a lower accretion rate. 
This assimilation model may be used to identify characteristics of other wetland types 
that would be important in treating specific organic compounds.
The use of the model as a predictive tool of removal efficiency of toxic 
organics in wetlands is limited by several factors. A simplified hydrology (CSTR) 
was used to illustrate the concepts involved in wetland treatment of organic
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compounds. Under real conditions, depending on the wetland, a plug-flow or 
overland flow description of hydrological conditions could be more appropriate. 
Specific models developed for flow through wetland vegetation (Hammer and 
Kadlec, 1986) may be particularly appropriate under some circumstances. Changes in 
hydrology when natural and constructed wetlands are used for wastewater treatment 
should be an area of further study. The use of lumped (ordinary differential 
equations) as opposed to distributed (partial differential equation) equations is a 
further simplification that may have a limited effect on the predictive use of these 
equations (Emmerich et al., 1989). The model solution was determined at steady- 
state although a true steady-state condition is never seen under natural conditions. 
Perturbations including storms, changes in water depth, and seasonal temperature 
fluctuations all serve to alter the equilibrium of the system. The time to steady state 
can be calculated (e.g., Appendix C) and is likely on the order of several months for 
these wetland systems. Of course, the model can also be utilized in an unsteady-state 
form that would be more realistic for natural conditions.
A second limitation is the incomplete understanding of assimilation processes 
in wetlands. Overall removal efficiency of contaminants associated with colloidal 
organic matter (e.g., DOC) in wetlands has not been studied. Rate-limited sorption 
may also be important in some wetlands for sequestering organic compounds in the 
bed. The magnitude of the volatilization mass transfer coefficient is also poorly 
understood, particularly in heavily vegetated wetlands such as marshes. Better 
understanding of these assimilation processes will lead to better predictability of 
organic removal in wetlands.
Finally, the model is limited by ignoring the concentration of organics in the 
biotic component. Bioconcentration and bioaccumulation may result in a significant 
fraction of certain contaminants tied up in the system's biota. Reports vary whether 
uptake of organic contaminants into plants is a significant process (O'Connor et al.,
134
1991; Trapp et al., 1990). Studies of organic contaminants in plants grown on 
sludge-amended soils have shown little significant uptake (O'Connor et al., 1991). A 
more controlled laboratory study using barley showed a bioconcentration factor 
(BCF, concentration in the plant/concentration in the soil) for HCB of 1.2 (Trapp et 
al., 1990). A simple calculation can estimate the importance of this uptake in 
wetlands. The studied Panicum freshwater marsh had a measured plant productivity 
of 1320 g/m^ (DeLaune et al., 1986). If we assume the same BCF as in barley and 
that the active soil layer is 10 cm in depth, approximately 10% of the organic 
contaminant would be present in the plant material. In one sense, this assimilation 
model predicts a lower bound on assimilation by ignoring the biotic component. 
Assimilation greater than measured with this conceptual model may be due to uptake 
and storage in system biota. Obviously this assimilation is undesirable because it may 
affect the "health" of the wetland system and increase the likelihood of human 
consumption.
Despite these limitations this model is useful because it demonstrates, 
conceptually, the importance of each individual assimilation process in organic 
contaminant removal. It could be used to screen current and newly-synthesized 
organic compounds for their potential for treatment in wetlands and to estimate their 
fate in natural wetland systems. The model could also be used to characterize the 
assimilatory capability of different wetland types in an engineering application to 
select the most effective constructed wetland type for a particular waste stream. The 
designer could select appropriate loading rates (chemical, suspended solids, etc.), 
which characteristics (e.g., DOC concentrations) need to be controlled, and estimate 
the necessary reaction rate (in the bed or water column) to reach a certain removal 
efficiency. Interest in the use of wetlands for wastewater treatment and the functions 
of natural wetland systems is growing and this work may provide a base for a more 
complex fully predictive model of toxic organics in these systems. The user should be
135
aware of the limitations of the model discussed above. This binds the model's utility 
to certain situations and it should not be applied indiscriminately. The unsteady state 
version of the model may be more applicable to real-world situations and for the 
design of treatment systems.
CHAPTER 7. ENGINEERING APPLICATIONS AND 
RECOMMENDATIONS
The use of constructed wetlands in wastewater and run-off treatment 
schemes is growing. Design criteria for treatment of BOD, N and P have been 
developed but no information is available for toxics such as organic contaminants. 
The assimilation model developed here may have application potential to determine 
loading rates and to test treatment scenarios. Development of separate water quality 
criteria for natural wetlands systems is also occurring at the state and national level. 
While water quality criteria are generally determined using "effects" data (e.g., 
chronic or toxic effects on system biota), establishing the potential for exposure to 
the chemical (e.g., assimilatory capacity) is important in any decision.
With these needs in mind, several simple engineering applications are possible 
using the assimilation model. Three uses of the model are discussed below: 1). 
determining the maximum loading ("assimilative capacity") of a contaminant before a 
"target" wetland water concentration is reached, 2). determining the effects of 
different scenarios (e.g., changes in degradation rates) during a wetland treatment 
process, and 3) screening new compounds and their potential for persistence in 
wetland systems. With these three uses in mind, six numerical examples (7.1-7,6) are 
presented below to demonstrate practical applications of the model.
1. Assimilative capacity
A common water quality regulatory need is determining what loading rates of 
an organic compound into an ecosystem will result in a concentration that is 
dangerous or toxic. For example, during the issuance of a NPDES (National 
Pollutant Discharge Elimination System) permit to an industry upstream of a 
wetland, a maximum loading rate will need to be determined. In another case, a 
constructed wetland system for treatment of agricultural NPS run-off may need to be
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sized for a given loading rate. An estimate of this "assimilative capacity" can be 
obtained from equation (6.1) of the model:
c=pqn
where c is the toxicant concentration (g/m3) in the water column, c;n is the input 
concentration (g/m3), and P is the assimilation function. If both sides of the equation 
are multiplied by the discharge, Q (m3/year), the equation can be rearranged to:
(loading) = (wetland water quality criteria)(Q/p) (7,1)
where the loading is in g/year, and the wetland water quality criteria is the regulated 
water quality standard, g/m3. This equation can then be used to predict the "safe" 
loading of a wetland for a given water quality criteria. Several example calculations 
for the formulas are presented below.
Example 7.L A 30 hectare wetland has an average depth of 0.1 m and an average 
hydraulic residence time of approximately 3 months. If we assume a water quality 
criteria for HCB of 0.01 mg/m3, p = 3.0 x 10'3 (based on a v̂  of 130 m/year and q = 
0.4 m/year) and Q = 120,000 m3/year, what is the maximum safe loading that can be 
applied to the system without exceeding the standard?
Solution: Maximum loading can be calculated using equation 7.1. The maximum 
loading to the system, therefore, is 400 g/year or 13.33 g/hectare/year.
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A second application is to use equation 7.1 to size a wetland treatment system for a 
particular waste stream. Equation 7.1 can be rearranged as:
p = Q(wetland water quality criteria)/(loading) (7. la) 
where, again, P = q/(q + Vj).
Example 7.2. A  constructed freshwater marsh is being used as a buffer to reduce an 
industrial discharge of HCB to a certain water quality criteria. What size should the 
wetland be to reduce the water concentration to 0.01 mg/m^ for a loading of 1 
kg/year?
Solution :If we again assume a Vf of 130 m/year and a discharge, Q, of 120,000 
m^/year, we can solve for q = 0.156 m/year using equation 7.1a. The area, in 
hectares, can subsequently be calculated from q = Q/A to yield approximately 77 
hectares of wetland necessary for a loading of 1000 g = 1 kg.
Using identical calculations, the equation (7.1a) can be used to create a plot 
of the required wetland area versus the loading rate (Figure 7-1). The plot is 
constructed for a constant water quality criteria and a constant v̂ . The equation from 
a rearrangement of la is:
required area = loading/(v^)(water quality criteria) (lb.)
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Figure 7.1. Required wetland area in hectares for a loading of HCB to meet a water 
quality criteria of 0.01 x 10'^ g/m^ (Example 7.2).
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The calculations presented above have shown some simple examples to 
estimate the assimilative capacity of a wetland system. Under other situations, more 
specific information on the assimilative processes involved may be necessary to test 
certain treatment scenarios or to estimate the contribution of each assimilative 
process to the total removal of the compound.
2. Scenario testing
Under other circumstances we are interested not only in the overall 
assimilation of a contaminant but also in the magnitude of the individual assimilation 
processes. Certain assimilation processes such as volatilization are simply mass- 
transfer processes, movement from one environmental compartment to another. 
While the end result is a decrease in the wetland water column concentration, 
another compartment, the atmosphere, is enriched. On the other hand, processes 
such as biodegradation result in the destruction of the parent compound. Obviously, 
these assimilation processes are favored over transfer processes that simply move 
contaminants from one place to the other.
Determining the contribution of each process to contaminant removal can be 
accomplished by breaking down the overall assimilation down into its component 
parts. This can be accomplished by calculating mass fluxes of contaminants using 
equations 6.6 and 6.7. If we use the data derived for hexachlorobenzene and 
naphthalene as examples we can calculate potential contributions of the assimilation 
processes on a mass flux basis.
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Example 7.3
A 30 hectare wetland is receiving a mass load of 1 kg of hexachlorobenzene 
and naphthalene per year. What are the contributions of the individual assimilation 
processes discussed above to the mass flux of these contaminants from the wetland 
system? The average residence time of water in the wetland is 3 months based on a 
flow rate of 120,000 m^/year (q = 0.40).
Solution:!? we assume that HCB and naphthalene are assimilated independently we 
can use estimates of process rates determined previously. The first step is to calculate 
steady-state concentrations of the compound in the water and the sediment bed. The 
water column concentration can be calculated from 6.1, c ^  = pqn. For example, for 
hexachlorobenzene in the bottomland hardwood forest, = [0.4/(131 + 
0.4)] 1000/120,000 = 2.5 x 10"  ̂g/m^. An equation for the steady state concentration 
in the bed can be easily derived from 6.6 and 6.7:
cb = Pacin (7-2)
where:
a  = [vsfpw + vdfdw + VdfdocwM^zb + vb + vrffdb + vdfdocbl (7-2a)
For the case of HCB in the bottomland hardwood forest, q, = 
(3.04x10'2)(116.8)(8.33x10"3) = 2.96xl0-2 g/m^. Steady state fluxes can be 
calculated from the appropriate terms in equations 6.6 and 6.7. For example, 
volatilization flux for HCB in the bottomland hardwood forest is equal to V yA fj^,^ 
= (110 m/year)(300,000 m2)(0.666)(2.5xl0'5 g/m^) = 549.5 g/year. External and 
internal fluxes were calculated using the same method and are presented for each
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compound and wetland type in Figures 7.2 and 7.3. External fluxes are summarized 
in Figure 7.4. For both compounds, external fluxes are dominated by volatilization 
and bio degradation. Outflow (flushing) and burial have only minor contributions to 
compound assimilation.
On a mass basis, little difference was seen between external fluxes between 
different wetland types. Large differences were noted, however, between internal 
fluxes of the compounds between the water column and the sediment bed (e.g., 
particulate settling and dissolved and DOC-associated diffusion). Compound 
assimilation appears to be predictable from estimates of volatilization and 
biodegradation. However, it should be noted that the assimilation model cannot be 
simplified to these two terms alone. Biodegradation is dependent on the ability of the 
compound to partition to the sediments which is a function of the internal sediment- 
water fluxes. In this example, the biodegradation rates of naphthalene are nearly an 
order of magnitude greater than hexachlorobenzene. However, because 
hexachlorobenzene has a greater tendency to partition to the sediments, mass flux 
rates through this process are twice that of naphthalene.
At other times, we are interested in the effects of changes in individual 
assimilation processes, (e.g., the biodegradation rate or the volatilization rate) and 
the result this would have on the removal of contaminants from the system. Two 
examples are presented below that demonstrate the effect of different scenarios on 
the assimilation of organic contaminants in wetlands.
Example 7.4
A 100 hectare bottomland hardwood forest wetland is loaded with 5 kg/year 
of hexachlorobenzene from an industrial discharge. Conditions are not favorable for 




























264 g/year 191 g/year 11.4 g/year














Figure 7.2. Steady-state internal and external fluxes of HCB from a wetland system
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Figure 7.3. Steady-state internal and external fluxes o f naphthalene from a wetland
system (bottomland hardwood and freshwater marsh) loaded with 1 kg
of compound. (Example 7.3).
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Figure 7.4. Summary of external fluxes of HCB and naphthalene from bottomland
hardwood and freshwater marsh wetlands (Example 7,3).
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zero. At steady-state, what is the concentration of hexachlorobenzene in the wetland 
soil? Hydrological conditions are as follows: Q = 2 x 10^ m^/year, q = 0.5 m/year.
Solution: If  we assume = 78.9 m/year (from Chapter 6), p = 6.3 x 10“3. The 
parameter, a , can be calculated (omitting the bio degradation term) as 3113. 
Concentration in the bed can be calculated from 7-2, = 0.05 g of HCB/nP of soil, 
which can be converted to a mass/mass basis by dividing through by the bulk density 
(0.85 x 10^ g soil/m^ of soil) and adjusting units to get 0.59 mg of HCB/kg dry soil.
Example 7.5
A 20 hectare freshwater marsh buffer strip is being used to remove run-off 
organic contamination from an oil-production operation. A total loading of 1 kg of 
naphthalene is expected and it will be used as a "bell-weather" compound for all 
other PAH contaminants. The marsh is heavily vegetated and further investigation 
reveals that an average wind-speed across the water surface is only 0.5 miles per 
hour. Therefore, the volatilization mass transfer coefficient must be recalculated. 
Determine p and the mass flux (g/year) through volatilization and biodegradation 
based on these conditions. Hydrological conditions are Q = 100,000 m^/year and q = 
0.5 m/year.
Solution: Volatilization is a function of the Henry's Law constant, the gas and liquid- 
phase mass transfer coefficients which have been shown to be power functions of the 
surface wind speed (Mills et al., 1982; Banks and Herrara, 1977):
Kg = 61320(18/M)0-25 Uw (7.3)
Kj = (32/M)0-25 Kq2 (7.4)
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Kq2 = (0.728UW0-5 - 0.317UW + 0.0372UW2)365 (7.5)
where Kg, Kj, and Kq2 are the mass-transfer coefficients (m/year) for the gas-phase, 
liquid-phase, and oxygen, respectively. Uw is the wind speed in m/s, M is the 
molecular weight. In this example, Uw = 0.5 miles per hour = 0.224 m/s, and M = 
120. For this example, we calculate Kq2 = 100.5 m/year, Kj = 72.2 m/year, and Kg = 
8548 m/year. The volatilization mass-transfer coefficient can be calculated from 
equation 6.25 where for naphthalene, He = 4.60 x 10-4 atm-m^/M. The volatilization 
mass transfer (25°C) = 49,8 m/year. Assuming all the remaining data from Chapter 6 
can be utilized, v  ̂= 87.8 m/year and (3 = 5.67 x 10-3.
From these data we can calculate concentrations of naphthalene in the water 
column and sediment bed as 5.7 x 10"  ̂ g/nP and 5.6 x 10”4 g/m^, respectively. 
Mass flux from volatilization and biodegradation are 552.8 g/year and 441.8 g/year, 
respectively.
3. Testing new compounds
The assimilation model derived in Chapter 6 has potential to serve as a 
screening tool for compounds of interest where specific data are not available. 
Numerous new compounds are introduced into the environment eveiy year with little 
or no information on how they might be assimilated in different environments. Also, 
it is may not be feasible to thoroughly test every priority pollutant in every possible 
wetland environment. This model may serve as a tool to quickly estimate assimilation 
of organic contaminants.
Examples presented earlier used data for only two contaminants, naphthalene 
and hexachlorobenzene. These two contaminants are both relatively volatile with
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veiy similar Henry's Law constants (~10“4) and overall, high assimilation (vt >100 
m/year). However, priority pollutants have a wide range of Henry's Law constants 
and partition coefficients. It is misleading to assume the relative importance of 
volatilization and biodegradation based on only these two compounds. Chapra 
(1991) has classified organics based on the controlling assimilation process: 
volatilization for compounds removed in air; recycle, for compounds removed in 
sediment, and outflow, for unassimilated compounds that are not removed by any 
other processes. Compounds with high removal rates were those where vj >10 
m/year while vt<10 m/year was considered a low removal rate.
To illustrate removal rates of different types of pollutants, examples are 
presented below for three additional pollutants, the volatile halogenated solvent 1,2- 
dichloroethane (1,2-DCE), the pesticide dieldrin, and the herbicide, DDT. Relevant 
chemical properties are given in Appendix B. These compounds represent three 
different types of pollutants, 1,2-DCE is highly volatile and not hydrophobic, DDT is 
veiy hydrophobic with moderate volatility, dieldrin is not volatile and only 
moderately hydrophobic.
Example 7.6
Assimilation of three compounds, 1,2-DCE, dieldrin and DDT is being 
evaluated in a 50 hectare wetland. Loading of 5 kg/year is expected. Hydrological 
conditions are Q = 1x10® m^/year, q = 2.0 m/year. Estimate the major external 
assimilatory fluxes from the system.
SoIution.Four compound-specific parameters must be estimated: (1). the
volatilization mass-transfer coefficient, vv, (2). the partition coefficient between 
particulates and water, Kp, (3). the partition coefficient between dissolved organic 
carbon and water, K^oc, and (4). the degradation rate in the bed, k^. Parameters (1)-
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(3) are easily estimated from the Henry's Law constant (as in example 7.5) and the 
octanol-water partition coefficient, respectively. The degradation rate in the sediment 
bed is not easily estimable. For our purposes we will estimate kb for the three 
compounds as 10.0 year"* somewhere between fast degradation (as for naphthalene) 
and slow degradation (as for HCB). Estimated terms and fluxes are presented in 
tabular form below.
Table 7.1 Model parameters and fluxes for example 7.6
Coefficient________ 1,2-DCE__________ DDT_____________ Dieldrin
Kqw 101.80 106.91 103.54
He 9.14 x 10"4 1.58 x 10-5 4.57 x 10“10
vv (m/year) 150.0 30.0 0.0
Koc = Kdoc (m^/g) 3.9 x 10“3 5.02 2.1 x 10“3
Kp (m3/g) 1.1 x lO-5 1.40 6.0 x 10"4
kb (year1) 10.0 10.0 10.0
V{ (m/year) 152 53 34
P 1.3 x 10“2 3.6 x 10“2 5.5 x 10“2
volatilization flux 4,865 g/year 13 g/year 0.0 g/year
biodegradation flux 79 g/year 4810 g/year 4655 g/year
burial flux ~0 32 g/year 31 g/year
outflow flux 65 g/year 172 g/year 275 g/year
External fluxes are summarized in Figure 7.5. External fluxes of 1,2-DCE are 
dominated by volatilization due to the high Henry's Law constant of this compound. 
DDT and dieldrin are dominated by bio degradation, with little or no volatilization
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Figure 7.5. Summary of external fluxes of 1,2-DCE, DDT and dieldrin when 
biodegradation is occurring at a rate of 10.0 year"*. (Example 7.6)
151
flux. In addition, approximately 5% of the dieldrin loading is unassimilated and 
removed only through outflow flushing. Model analysis for DDT and dieldrin 
indicate the importance of biodegradation processes for the permanent removal of 
these compounds from wetlands, despite the wide differences in the chemical 
properties of these compounds. If biodegradation cannot occur (i.e., k}j = 0 year-*) 
because of some restrictive environmental condition, the overall assimilation rate, v̂ , 
drops to 2.8 m/year for DDT and 0.45 m/year for dieldrin. The assimilation rate of 
1,2-DCE remains nearly the same at 149.7 m/year. The end results of these changes 
is seen in Figure 7.6. Assimilation of 1,2-DCE remains dominated by volatilization 
with only minor contributions from burial and outflow. Assimilation of DDT, 
however, is now dominated by burial (2,640 g/year) and outflow (2,083 g/year). 
Assimilation of dieldrin is dominated by outflow (4,082 g/year) with a significant 
contribution from burial (953 g/year).
This example illustrates the use of the conceptual model to estimate 
assimilation of different compounds. These three compounds are representative of 
larger classes of compounds that may be assimilated with similar processes. 
Depending on the chemical properties of the compounds and the conditions present 
in the wetland, any of the four external fluxes (biodegradation, outflow, 
volatilization, or burial) can dominate the overall assimilation of the compound.
Recommendations
The model applications described above indicate the potential usefulness of 
this approach for evaluating removal and assimilation of toxic organics in wetlands. 
In a laboratory setting, the model may be used to determine the important processes 
and parameters for each compound, conserving resources by not investigating 
assimilation processes that are trivial. Further investigations should focus on 
assimilation processes that are not completely understood. Measurements of
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Figure 7.6. Summary of external fluxes of 1,2-DCE, DDT and dieldrin when 
biodegradation is not occurring in the sediment. (Example 7.6)
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volatilization of organic compounds from different wetland types should be 
performed to quantify values of vv and to determine controlling conditions. A better 
understanding of the fate of DOC-associated organic contaminants in aquatic systems 
is also necessary, particularly for those hydrophobic organics such as HCB and PCBs 
that readily partition to this colloidal material. Throughout this work the assumption 
of "instantaneous equilibrium" has been used with respect to the sorption of organic 
contaminants on solids. Recent research has shown that a non-equilibrium approach 
is not accurate for those compounds whose partition coefficients change over time. 
Non-equilibrium sorption was observed for HCB in the bottomland hardwood system 
but not in the freshwater marsh. The overall importance of this process is not known, 
however, in some systems it may serve as an additional assimilation process by 
sequestering organics in the sediment solids.
Obviously, there is a great need for validation of the model in field studies of 
natural and constructed wetlands. Determining values of p in the field depends on 
sensitive analytical techniques to determine the chronically low levels of various 
organics present in surface wetland waters. Some of these techniques have been 
developed, but require a major effort in terms of equipment and resources. 
Conceptually, this model can be used to determine the major components of p, but if 
additional processes are contributing to this parameter the equations described above 
could overestimate p.
Increasing use of herbicides and pesticides and the discharge of organic 
contaminants from industry and municipal wastewater treatment systems will 
continue to impact wetland systems. Construction of wetland systems for the 
purpose of treating various types of wastewater including industrial discharges is 
continuing and a better fundamental understanding of the fate of toxic organics in 
these systems in necessary.
CHAPTER 8. CONCLUSIONS
Increasing evidence exists that aquatic systems are experiencing decreased 
water quality due to inputs of toxic organic compounds, including pesticides, 
industrial organics, and petroleum hydrocarbons. Wetlands may be particularly 
sensitive to these inputs because of their proximity to terrestrial systems, particularly 
in those areas where wetlands are an integral part of the watershed. Certain species 
present in wetlands, e.g., juvenile fish and waterfowl, are susceptible to toxicity from 
these compounds. Certain features of wetlands suggest an enhanced ability of these 
environments to assimilate organic contaminants. These features include the high 
fraction of organic carbon present in wetland soils, the diversity of detrital 
microorganisms, and the unique hydrological conditions that promote sediment- 
water contact. The presence of these features have led to proposals for the 
engineered use of constructed and natural wetlands as buffer zones or actual 
treatment systems for organic contaminants.
A review of toxic organic assimilation in wetlands indicated a lack of 
understanding of the basic processes affecting the fate of these compounds in these 
systems. Few studies have addressed the fate of toxic organics in wetlands directly 
and little or no information is available on how these processes interact to remove 
contaminants. Four major assimilation processes were identified that have the 
potential to remove the contaminant from the wetland completely: volatilization, 
burial, outflow, and reaction (degradation). A number of internal fluxes, settling, 
diffusion, and plant uptake, may also be important in transfer. Mass flux of these 
processes in wetlands depends directly on the speciation of the contaminant in the 
system. Normally, only dissolved and particulate fractions are considered, however, 
high concentrations of dissolved organic carbon (DOC) present in wetlands may 
serve as a "third phase" that must be considered when determining the fate of these
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compounds in wetlands. In the absence of field data the contribution of each of these 
assimilation processes must be assessed using laboratory studies and transport theory. A 
theoretical basis exists for describing these processes although reaction rates of organic 
compounds are highly species-specific and depend on a number of environmental 
conditions including pH, redox potential, and temperature.
Studies were initiated to estimate rates of these assimilation processes occurring in 
two wetlands: a mineral-dominated bottomland hardwood wetland and an organic matter- 
dominated freshwater marsh wetland. Hexachlorobenzene, a chlorinated industrial organic 
and naphthalene, a petroleum hydrocarbon, were used as test compounds. In laboratory 
studies, sorption of hexachlorobenzene (HCB) in wetland soil and floodwater was strongly 
influenced by high levels of naturally occurring DOC. Organic-matter dominated wetlands 
(e.g., marshes) demonstrated no advantage over mineral-dominated wetlands (e.g., 
bottomland hardwood forests) for sorption of HCB due to partitioning in this DOC phase. 
Over the short-term, sorption of HCB was adequately described using a three-phase 
equilibrium model that included the DOC phase. However, partition coefficients in the 
bottomland hardwood soil were time dependent. Sorptive assimilation of HCB appears to 
be dependent on unique hydrological conditions that promote sediment-water exchange 
rather than any enhanced sorptive ability of wetland substrates, themselves.
Reductive dechlorination of HCB was observed under low redox conditions (-150 
mV to -200 mV) in a mineral-dominated bottomland hardwood wetland soil and an 
organic-matter dominated freshwater marsh soil. Substantial degradation of HCB (50-60% 
in the bottomland hardwood soil; 90% in the freshwater marsh soil) occurred over a 
period of 18 weeks in both soils. Differences in lag time and metabolites in the two 
wetland soils indicate the presence of two different microbial populations operating in 
these systems. Measured redox potentials in field cores indicate favorable conditions for 
reductive dehalogenation in the continuously flooded freshwater marsh. Transient flooded 
conditions in the bottomland hardwood forest create the potential for reductive
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dehalogenation only temporarily and only at certain depths in the substrate. Reductive 
transformations of chlorinated organic compounds is another water quality function that 
wetlands can provide on the landscape.
Mineralization of naphthalene was rapid in the freshwater marsh and bottomland 
hardwood soil when aerobic, high redox potential conditions were present. No 
mineralization was observed under anaerobic conditions. Shapes of mineralization curves 
were dependent on substrate concentration and could be fitted using a three-half order 
kinetic model. Sorption of naphthalene was greater in the freshwater marsh due to the 
increased fraction of organic carbon in this soil. Small, but measurable differences were 
observed in sorption partition coefficients between aerobic and high-DOC anaerobic 
incubations. Measurement of the partition coefficient between DOC and water indicated a 
much lower affinity for naphthalene than HCB. Field measurements of redox potential 
indicate that assimilation of naphthalene in sediments through biodegradation depends on 
aerobic mineralization occurring at the sediment-water interface before the compound 
diffuses or mixes to anaerobic layers.
An assimilation model was developed to describe removal of toxic organics in a 
conceptually simple wetland. The model utilizes a framework developed previously for 
other aquatic systems (O'Connor 1988a,b,c; Chapra, 1991). For the wetland system, the 
major modification to this framework was the addition of a third phase, organics 
partitioned into colloidal or dissolved organic carbon. Mass balances were written for 
organics in a well-mixed water column and sediment bed. The assimilation equation was 
solved assuming steady state. A sensitivity analysis was performed to determine key 
assimilation parameters for compounds with a range of physico-chemical properties. 
Assimilation of hydrophobic compounds such as HCB were sensitive to high 
concentrations of dissolved organic carbon in the water column and the sediment bed. 
High DOC concentration inhibited assimilation of hydrophobic compounds. Assimilation 
of these hydrophobic compounds is highly sensitive to degradation rate and removal can
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be greatly enhanced by even a slow degradation rate of <5 year- *. Less hydrophobic 
compounds, e.g., naphthalene, are less sensitive to reaction rate and require faster reaction 
rates to enhance removal.
The assimilation model was calibrated for HCB and naphthalene using laboratory 
and field measurement of the parameters. Results indicate that at steady state, assimilation 
of HCB is high and is determined equally by biodegradation and volatilization. 
Assimilation of naphthalene is also high but is determined primarily by volatilization. Little 
assimilation is expected for either compound through burial or outflow. Surprisingly, little 
difference was seen in the predicted external assimilation fluxes between the two wetlands 
despite large differences in rates of internal fluxes of the contaminant. This suggests that 
when a constant hydrology is assumed, steady state removal from these two wetland 
systems is very similar for these two compounds.
The assimilation model here is suited for several uses including a), determining the 
assimilation capacity of wetlands for various organic contaminants, b). testing various 
treatment or fate scenarios, and c). estimating the fate of new compounds entering 
wetlands. Care should be taken in accepting quantitative estimates of assimilation using 
this model because of the uncertainty involved in several of the processes and parameters. 
Apparently "slow" assimilation processes (e.g., burial) should be discarded from the model 
with caution. Scenario testing using several compounds of different physicochemical 
properties indicate that each external assimilation flux can be important under certain 
circumstances. Validation using carefully conducted input-output studies for a variety of 
contaminants is necessary to determine the quantitative usefulness of this model. The 
limitations and bounds of the conceptual model should be carefully understood before its 
use. Steady-state conditions in natural and constructed wetlands are the exception rather 
than the rule and it is likely that a true predictive model will necessarily be unsteady state.
Future research should focus on quantifying wetland assimilation processes that 
are poorly understood. These include, the fate of DOC-partitioned organics in wetlands
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and rates of volatilization from wetland systems. These studies have examined only two 
wetland types, freshwater marshes and bottomland hardwoods. Considerable variation 
exists between these types of wetlands and others including deep-water swamps, prairie 
pothole wetlands, and riverine systems. Assumptions made in the development of this 
model, including hydrology, should be carefully evaluated for each wetland type.
The work described in this dissertation has focused only on calculating the 
potential "exposure" of living organisms to these organic contaminants. Of equal or 
greater importance are the effects of these compounds on the organisms, themselves. 
Subtle changes in the "health" of wetlands can occur due to processes such as 
bioaccumulation and bioconcentration. This, in turn, increases the potential for human 
exposure. Any proposal for the use of natural or constructed wetlands for the intentional 
treatment of wastewater should give equal weight to the potential effects of these 
compounds on the system, itself. For these reasons, efficient removal of toxic organics in 
natural wetland systems is not enough to justify their use for these engineered purposes. 
Fragile natural wetland systems should be protected at all costs from these potentially 
harmful inputs of toxic organic contaminants. Research on this treatment technique should 
focus on constructed wetland systems where the biotic component is carefully controlled 
and isolated from interaction with natural wetlands.
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NOMENCLATURE
A = surface area of the sediment bed (m^)
p = overall assimilation function (dimensionless)
c = toxicant concentration (g/m3)
cjj = toxicant concentration in the sediment bed (g/m3)
cjn = input toxicant concentration (g/m3)
Cyv = toxicant concentration in water (g/m3)
Cdoc = concentration of the toxicant associated with the DOC phase (g/g)
Cp = concentration of the toxicant on the particulate phase (g/g)
Cw = concentration of the toxicant in the dissolved phase (g/m3)
C*doc ^concentration of toxicant associated with DOC in the total system volume 
(g/m3)
C*p = concentration of toxicant associated with particulates in the total system 
volume (g/m3)
C*w = concentration of dissolved toxicant in the total system volume (g/m3)
D = molecular diffusion coefficient (cm^/sec)
DOC = concentration of DOC in the water column (g/m3)
DOCin = input concentration of DOC (g/m3)
fdb = fraction of the contaminant in dissolved form in the bed (dimensionless)
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f(jw = fraction of the contaminant in dissolved form in the water column 
(dimensionless)
fjocw = fraction of the contaminant associated with DOC in the water column 
(dimensionless)
fjocb = fraction of the contaminant associated with DOC in the sediment bed 
(dimensionless)
fpw = fraction of the contaminant in particulate form in the water column 
(dimensionless)
fpb = fraction of the contaminant in particulate form in the sediment bed 
(dimensionless)
foc = the fraction of organic carbon present in particulate matter (dimensionless)
f0Cj colloid = the fraction of organic carbon present in colloidal matter 
(dimensionless)
= decay (or reaction) rate of the toxicant in the sediment bed (year *)
kp = production/leaching rate of DOC in the sediment bed (year"^)
kw = decay (or reaction) rate of the toxicant in the water column (year 1)
Kdoc~ toxicant partition coefficient between the DOC phase and the dissolved phase 
(m3/g)
Koc = organic-carbon normalized partition coefficient (m3/g)
Kow = octanol-water partition coefficient
Kp = toxicant partition coefficient between particulate phase and dissolved phase 
(m3/g)
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Kp-obs = "observed" partition coefficient between the particulate coefficient and the 
"aqueous" phase which includes dissolved + DOC-associated contaminants 
(m3/g)
m = suspended solids concentration (g/m3)
mjn = suspended solids input concentration (g/m3)
mfc = solids concentration in the sediment bed (g/m3)
Q = flow rate of the wetland (m3/year) 
q = hydraulic loading rate (m/year)
R = recycle ratio (dimensionless)
Sc = Schmitt number (dimensionless) 
t = time (year)
U* = water shear velocity (cm/s)
Ufo = accumulation of decaying plant material in the sediment bed (g/year)
V = volume of water (m3)
Vb = volume of the bed (m3)
V(j = sediment diffusion mass transfer coefficient (m/yr) 
vs = solids settling velocity (m/year) 
vt = overall assimilation rate (m/year) 
vu = sediment resuspension velocity (m/year)
vv = volatilization mass transfer coefficient (m/year) 
z[, = depth of the sediment bed (m)
Zyj = depth of the water column (m)
a w = volume of aqueous phase/total system volume («1 in these wetland systems) 
r Q = dimensionless viscous sublayer 
d = thickness of the viscous sublayer 
k = von Karman constant 
p = bulk density of the sediment bed (g/cm^)
0 = volumetric water content (cm^/cm^) 
u = kinematic viscosity of the water (cm^/sec)
Ob = porosity of the sediment bed (dimensionless)
APPENDIX A. SENSITIVITY ANALYSIS OF THREE-HALF ORDER 
KINETIC MODEL
The derivation of the three-half order kinetic model is presented below. The 
derivation is identical to that presented in Brunner and Focht (1984). First-order 
microbial degradation of an organic compound can be expressed as:
dS/dt = -KS (A.l)
where S is the compound concentration and K is a decay constant (time-!). 
Equation A .l, however, does not account for any change in biomass. To account 
for changes in cell or enzyme concentration we can express K as:
K =  ki +  aE (A.2)
where kj is a proportionality constant (time-!), a is a proportionality constant 
(biomass concentration "! time-!) and E is the cell or enzyme concentration. 
Substituting A.2 into A .l results in:
dS/dt =  -kiS - aES (A.3)
where the solution depends in expressing the enzyme concentration, E, as a 
function of time. Microbial growth can be expressed as a linear process or an 
exponential process:
aE = k2t (linear growth) (A.4) 
aE =  E0elri (exponential growth) (A.5)
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where k2 is the linear growth constant (l/time^), Eo/a is the initial enzyme 
concentration, and p is the growth rate constant. Substitution of A.4 and A.5 into
A.3 results in:
dS/dt = -kjS - k2St (linear growth) (A. 6)
dS/dt = -kjS -SEoe^t (exponential growth) (A.7)
Integrating both equations over time results in:
S = S0e-k'1- ^ 12 (A.8)
S = Soe”*I'-(£“/;0(<'y' ,) (A.9)
where So is the compound concentration at zero time. Since we are interested in 
product formation (e.g., C02) we can express the change in product as:
dP/dt = -dS/dt +  ko (A. 10)
where ko is a zero-order rate constant that expresses the rate of indigenous 
mineralization of soil organic matter or the residual that has become 
synthesized into new humus. Integration of A. 10 yields:
P = S0 -S  + kot (A. 11)
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Substitution of A.8 and A.9 into A. 11 gives:
P = SQ (1 -  e-k''-(k̂ )l2) + k j  (linear growth) (A. 12)
P = S0 [1 — ] + k0t (exponential growth) (A. 13)
Data fitted to equation A. 12 and A. 13 in Chapter 5 indicated that the linear 
growth equations gave the superior fit. A sensitivity analysis was performed to 
assess the function of each of the 4 adjustable parameters, SQ, k]_, k2 , and Iq-, in 
describing the mineralization curve. These analyses are presented in graphical 
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Figure A.4. Sensitivity of three-half order kinetic model to
APPENDIX B. PHYSICAL DATA FOR PRIORITY POLLUTANTS
Table B .l. Physical data for Priority Pollutants.
Compound Solubility
(mg/L)
log Kow He (atm- 
m3/M)
Reference
Acrolein 2.1 x 105 0.01 5.66 x 10'S Mabey et al, 
1982
Acrylonitrile 7.9 x 10'4 0.25 8.80 x 10'5 Mabey et al, 
1982
Benzene 1.7 x 103 2.13 4.39 x 10~3 Mackay, 1982
Bromoform 2.30 5.00 x 10-4 Mackay, 1982; 
Mabey et al, 
1982
Carbon Tetrachloride 8.0 x 102 2.73 2.30 x 10'2 Mackay, 1982; 
Veith, 1980
Chlorobenzene 5.0 x 102 2.84 2.61 x 10'3 Mackay, 1982; 
Mabey et al, 
1982
Chlorodibromomethane 4.0 x 103 2.24 9.90 x 10'4 Mabey et al, 
1982




1.5 x 104 1.14 2.50 x 10-7 Mabey et al, 
1982
Chloroform 9.6 x 103 1.97 2.00 x lO'3 Jaffe and 
Ferrara, 1983
Dichlorobromomethane 4.5 x 103 2.10 2.41 x 10-3 Mabey et al, 
1982
1,1-Dichloroethane 5.5 x 103 1.80 4.26 x lO"3 Mabey et al, 
1982




Table B .l. Physical data for Priority Pollutants (continued).
Compound Solubility
(mg/L)
log Kow He (atm- 
m3/M)
Reference
1,1-Dichloroethylene 1.48 3.52 x lO'l Matter-Muller 
et al., 1981; 
Callahan, 1979
1,2-Dichloropropane 2.7 x 103 2.02 2.31 x 10’3 Mabey et al, 
1982
1,3-Dichloropropene 2.8 x 103 2.00 1.33 x lO'3 Mabey et al, 
1982
Ethyl Benzene 1.5 x 102 3.34 6.60 x lO'3 Mabey et al, 
1982
Methyl Bromide 9.0 x 102 1.09 1.97 x lO '1 Mabey et al, 
1982
Methyl Chloride 6.5 x 103 0.95 4.00 x 10'2 Mabey et al, 
1982




2.9 x 103 2.39 3.80 x lO'4 Mabey et al, 
1982








6.0 x 102 2.09 6.70 x 10'2 Mabey et al, 
1982
1,1,1-Trichloroethane 7.2 x 102 2.47 3.00 x 10"2 Mabey et al, 
1982; Veith, 
1980
1,1,2-Trichloroethane 4.5 x 103 2.07 7.42 x 10'4 Mabey et al, 
1982
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Table B .l. Physical data for Priority Pollutants (continued).
Compound Solubility
(mg/L)
log Kow He (atm- 
m3/M)
Reference
Trichloroethylene 1.1 x 103 2.29 8.76 x lO'3 Jaffe and 
Ferrara, 1983
Vinyl Chloride 9.0 x 101 0.60 2.40 x 100 Thomas, 1982; 
Callahan, 1979
2-chlorophenol 2.9 x 104 2.18 1.03 x 10-5 Mabey et al, 
1982
2,4-dichlorophenol 4.6 x 103 2.90 2.80 x 10-6 Mabey et al, 
1982
2,4-dimethylphenol 5.90 x 102 2.30 1.70 x 10-5 Mabey et al, 
1982
4,6-Dinitro-o-cresol 2.9 x 102 2.70 4.00 x lO'5 Mabey et al, 
1982
2,4-Dini trophenol 5.6 x 103 1.54 6.45 x 10-10 Mabey et al, 
1982
2-nitrophenol 2.1 x 103 1.75 7.56 x lO'6 Mabey et al, 
1982
4-nitrophenol 1.6 x 104 1.97 2.50 x lO"5 Mabey et al, 
1982
p-chloro-m-cresol 3.9 x 103 3.10 2.50 x lO'6 Mabey et al, 
1982
Pentachlorophenol 1.4 x 101 5.04 2.80 x 10-6 Mabey et 
al,1982
Phenol 9.3 x 104 1.48 4.54 x lO'7 Mabey et al, 
1982
2,4,6-trichlorophenol 8.0 x 102 3.61 4.00 x lO'6 Mabey et al, 
1982
Acenaphthene 3.4 x lO** -2.02 9.10 x 10-5 Mabey et al, 
1982
Acenaphthylene 3.9 x 10° 3.72 1.45 x lO'3 Mabey et al, 
1982
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Table B .l. Physical data for Priority Pollutants (continued).
Compound Solubility
(mg/L)
log Kow He (atm- 
m3/M)
Reference
Anthracene 4.5 x 10”2 4.45 2.26 x 10'4 Mabey et al, 
1982
Benzidine 4.0 x 102 1.34 3.00 x 10“7 Mabey et al, 
1982
Benzo(a)anthracene 5.7 x 10-3 5.61 1.00 x lO'6 Mabey et al, 
1982
Benzo(a)pyrene 3.8 x 10-3 6.06 4.90 x 10-7 Mabey et al, 
1982
Benzo(b)fluoranthene 1.4 x 10"2 6.06 1.22 x 10“5 Mabey et al, 
1982
Benzo(g,h,i)perylene 2.6 x 10'4 6.51 1.44 x 10-7 Mabey et al, 
1982




8.1 x 104 1.03 2.80 x 10-7 Mabey et al, 
1982












4.8 x 10° 4.94 1.00 x lO'4 Mabey et al, 
1982
Butyl Benzyl Phthalate 2.9 x 10° 5.56 8.30 x 10-6 Mabey et al, 
1982




3.3 x 10° 5.08 2.19 x 10"4 Mabey et al, 
1982
Chrysene 1.8 x 10-3 5.61 1.05 x 10-6 Mabey et al, 
1982




log Kqw He (atm- 
m3/M)
Reference
Dibenzo(a, h)anthracene 5.0 x 10"4 6.84 7.30 x 10-8 Mabey et al, 
1982
1,2-dichlorobenzene 1.0 x 102 3.40 1.93 x 10'3 Mabey et al, 
1982; Veith, 
1980
1,3-dichlorobenzene 1.2 x 102 3.44 3.61 x 10’3 Mabey et al, 
1982; Veith, 
1980
1,4-dichlorobenzene 7.9 x 101 3.37 3.14 x 10”3 Mabey et al, 
1982; Veith, 
1980
3,3' -dichlorob enzidine 4.0 x 100 3.51 8.00 x 10"7 Mabey et al, 
1982
Diethyl phthalate 9.0 x 102 2.47 1.20 x lO'6 Mabey et al, 
1982
Dimethyl phthalate 5.0 x 103 1.56 2.15 x 10-6 Mabey et al, 
1982
Di-n-butyl phthalate 1.3 x 101 5.56 2.80 x lO'7 Mabey et al, 
1982
2,4-dinitrotoluene 2.7 x 102 1.98 4.50 x lO"6 Mabey et al, 
1982
2,6-dinitrotoluene 1.8 x 102 2.28 7.90 x 10-6 Mabey et al, 
1982
di-n-octyl phthalate 3.0 x 100 9.87 1.70 x 10-5 Mabey et al, 
1982
1,2-diphenylhydrazine 1.8 x 103 2.94 3.40 x 10-9 Mabey et al, 
1982
Fluoranthene 2.6 x lO"1 4.90 6.50 x lO'6 Mabey et al, 
1982
Fluorene 1.7 x 10° 4.18 6.40 x 10-5 Mabey et al, 
1982
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Table B. 1. Physical data for priority pollutants
Compound Solubility
(mg/L)
logK W He (atm- 
m3/M)
Reference
Hexachlorobenzene 6.0 x 10'3 6.41 6.50 x lO-4 Jaffe and 
Ferrara, 1983; 
Mabey et al, 
1982




1.8 x 100 4.00 1.60 x 10'2 Mabey et al, 
1982





5.3 x 10-4 6.51 6.95 x 10‘8 Mabey et al, 
1982
Isophorone 1.2 x 104 2.26 5.75 x 10"6 Mabey et al, 
1982
Naphthalene 3.2 x 101 3.29 4.60 x lO’4 Mabey et al, 
1982








9.9 x 103 1.49 6.3 x 10-6 Mabey et al, 
1982
N-nitrosodiphenyiamine 4.0 x 101 3.13 6.60 x lO’4 Mabey et al, 
1982
Phenanthrene 1.0 x 10° 4.45 8.60 x 10’5 Mabey et al, 
1982
Pyrene 1.3 x 10'1 4.90 5.10 x lO"6 Mabey et al, 
1982
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Table B .l. Physical data for priority pollutants (continued)
Compound Solubility
(mg/L)
log Kow He (atm- 
m3/M)
Reference
1,2,4-Trichlorobenzene 3.0 x 101 4.28 2.30 x 10“3 Mabey et al, 
1982
Aldrin 1.8 x 10’1 5.30 1.60 x 10“5 Mabey et 
al,1982
a-BHC 1.6 x 10® 3.89 6.00 x 10‘6 Mabey et 
al,1982
p-BHC 2.4 x 10-1 3.89 4.50 x lO'7 Mabey et 
al,1982
5-BHC 3 .1 x 101 4.15 2.07x 10-7 Mabey et 
al,1982
y-b h c 7.8 x 100 3.89 7.80 x 10'6 Mabey et 
al,1982
Chlordane 1.6 x 10-2 5.48 9.40 x 10-5 Mabey et 
al, 1982
4,4'-DDT 5.5 x 10-3 6.91 1.58 x 10-5 Mabey et 
al,1982
4,4'-DDE 1.2 x lO'1 5.69 2.20 x lO'5 Jaffe and 
Ferrara, 1983




Dieldrin 1.9 x lO'1 3.54 4.57 x 10-1° Mabey et 
al,1982
a-Endosulfan 5.3 x 10-1 -1.70 1.00 x 10-5 Mabey et 
al,1982
p-Endosulfan 2.8 x 10-1 -1.70 1.91 x 10-5 Mabey et 
al,1982
Endosulfan sulfate 2.2 x 10-1 -1.30 2.60 x 10-5 Mabey et 
al,1982
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Table B .l. Physical data for priority pollutants (continued)
Compound Solubility
(mg/L)
log Kow He (atm- 
m3/M)
Reference




Endrin Aldehyde 5.0 x 101 3.15 2.00 x 10"9 Mabey et 
al,1982
Heptachlor 1.8 x 10"1 4.41 3.90 x lO'4 Mabey et 
al.1982
Heptachlor Epoxide 3.5 x 10'1 2.65 3.90 x lO'4 Mabey et 
al, 1982
Toxaphene 5.0 x 10"1 3.30 2.10 x 10'1 Mabey et 
al,1982
Aroclor 1016 4.2 x 10'1 5.58 3.30 x 10‘4 Mabey et 
al,1982
Aroclor 1221 4.0 x 101 4.00 1.70 x lO"4 Mabey et 
al,1982
Aroclor 1232 4.1 x 102 3.20 1.13 x 10'5 Mabey et 
al,1982
Aroclor 1242 2.3 x 10"1 4.11 1.98 x 10'3 Mabey et 
al,1982
Aroclor 1248 5.4 x 10'2 5.76 3.60 x 10'3 Mabey et 
al,1982
Aroclor 1254 1.2 x 10'2 6.04 2.60 x 10'3 Mabey et 
al,1982
Aroclor 1260 2.7 x 10'3 7.15 7.40 x 10'1 Mabey et 
al,1982
APPENDIX C. TIME FOR WETLAND SYSTEM TO REACH STEADY 
STATE
The assumption of steady-state needs to be carefully examined if this 
conceptual model is to have any relevance to natural wetland systems. 
Determining which terms in the model control the approach to steady state and the 
average time to reach steady state can be determined from analysis of the 
appropriate equations. The mass-balance differential equations for the toxicants 
can be solved using a method of elimination technique. The equations (6.6, 6.7)
for the toxicant in the substrate and the water column are:
V(dcw/dt) =  Qc|n - Qcw - kwVcw - vvAf(jyyCw - vsAfpWcw +  vuAcb +  (C-l)
vd^(fdbcb"fdwcw) vd^(fdocbcb ~ ^docwcw)
Vb(dcb/dt) =  vsAfpWcw - k^V^Ch ■ vuAcb - vbAch 4- v(jA(f(jwcw-fdbCb) 4-
vd^(fdocwcw " %ocbcb) (C_2)
Combining the two equations in terms of cw yields:
d2Cw/dt2 +  dcw/dt[Q/V +  Sw +  Sb] +  (C-3)
cw[SbSw +  Sb(Q/V) - AB/zb] =  (Q/V)SbCin
where: Sw =  kw +  vvfbw/Zw +  vsfpw/zw 4* vd^dw^zw “t* vd^doc^zw (C-3a)
Sb = kb ,4- vu/zb 4- vb/zb 4- vdfdb/zb +  vdfdocb/zb (c "3b)
A = vu/zw +  vdfdb/zw +  Vdfd0cb/zw (C-3c)
B = vsfpW +  vdfdw 'f' vd^docw (C-3d)
The solution of this equation takes the form:
cw =  Befit +  De^t +  particular solution (C-4)
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where B and D are arbitrary constants determined from initial conditions, g and h 
are roots of the characteristic equation, and the particular solution which depends 
on the input function. The exponents g and h are given as:
g,h = -[(Q/V) +  Sw +  Sb]/2 ± N (C-5)
where N =  0.5[((Q/V) +  Sw + Sb)2 - 4(SbSw + (QSb/V) - AB/zb)]1/2 (C-5a)
This solution is equivalent to the arrangement presented in O'Connor (1988b) and 
can be rearranged as:
g,h =  f  [(Q/V) +  Sw +  Sb]/2][1 ± N'] (C-5b)
where N' =  [1- [4[SbSw - A'B +  Q/VSb]/[(Q/V) +  Sw +  Sb]2]2 (C-5c)
Particular Solution 
For a constant, steady input the particular solution (PS) takes the form:
Particular solution = constant, C
Plugging into the original equation (C-3) yields the value of the constant C:
C =  {(Q/V)SbCjn/(SbSw +  Sb(Q/V)-(AB/zh)} (C-6).
Therefore the solution is equal to:
cw = Be£t +  Deht + C (C-7)
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Initial Conditions
The constants B and D can be determined from knowledge of the initial 
conditions in the system. For example, at time zero: cw=cQ, q ,= 0  and with a 
steady input of contaminant into the system:
Cq =  B +  D +  C (C-8) 
dcw/dt =  (Q/V)(qn '  Cq) - [kw +  vvf(jw/zw +  vsfpw/zw +
vd^dw^zw ■*" vdfdocw^zw]co (C-9)
The derivative of 2-6 at time zero is:
dcw/dt =  gB +  hD (C-10) 
equating 2-8 and 2-9:
(Q/V)(cjn - c0) - [kw +  Vyfdw^zw vs^pw^zw vd^dw^zw ~*~
vd^docw^zw]co =  S® (C -ll)
Therefore, there are two independant equations containing B and D: (C -ll) and 
(C-8) and these can be solved for the coefficients B and D:
B =  [(Q/V)(qn - Co) - Swc0 - h(cG - C)] / 2N (C-12)
D = c0 - B - C (C-13)
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Estimating the time to steady state
The time to steady state can be determined by examining the magnitudes of 
the exponents g and h using equations, C-5b and C-5c. From the estimates of 
assimilation processes determined earlier (e.g., HCB in the freshwater marsh) we 
can estimate: Sw = 266.82, Sb =  0.688 , A’ = 0.035, B = 60.08, N' = 0.98, 
for zw = 0.5 m, zb =  0.1 m = 5, and a residence time (V/Q) of 4 months. 
Ignoring the values of the constants B and D we can determine:
g,h = -135.25 (1 ± 0.98)
or, g = -267.8, h = -2.705
Therefore, the time to steady state is determined by a rapid change from the first 
term, e£t, and a slow change from the second term, e^1.
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